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Abstract 
Heavy metal pollution caused by acid mine drainage (AMD) has been a serious 
problem in some areas of southwest China. It is needed to understand the current 
situation and take measures. Therefore, a small typical limestone watershed in 
Xingren County, southwest Guizhou province, was selected. It has a high arsenic coal 
mine where AMD generates from the tailings and has impacted the surrounding 
environment for a long time. Water, sediment, paddy soil and rice were analyzed to 
study the pollution characteristics and potential hazards. The main findings of the 
study are summarized as following. 
1) The arsenic in AMD is adsorbed by hydrous ferric oxides (HFO) and deposits in 
the reservoir. The arsenic and iron in the reservoir sediments release to the 
porewater under the reductive condition. Thioarsenite and H3AsO3 are two main 
forms of arsenic mineral in sediments. Surface complexation of As to HFO plays 
the dominant role in controlling the arsenic concentration in porewater. 
2) pH(H2O) of soil has background value about 6.2, but reduces sharply in the paddy 
fields with a range of 3.2 to 5.5 after the acid water has been used for irrigation for 
decades. The contents of K, Ca and Mg decrease with the soil acidification. 
Furthermore, the Al also leaches from soil, which pH(H2O) is lower than 5.0. It 
was found that large areas of paddy field have been acidified in the study region. 
3) The arsenic concentration in the acidified paddy fields exceeds the environmental 
standard. It was found the closer to the river the higher of the arsenic content in 
 VIII 
 
the soil. Furthermore, the arsenic is also detectable in rice with the concentration 
rank of root > straw > grain. The transfer factor of As from soil to rice grain is 
estimated about 0.009. 
4) Experiments of AMD treatment was conducted in laboratory scale by using the 
Bayer red mud generated from the alumina production. The treatment effect and 
the durability with the Bayer red mud were evaluated. It was found that the red 
mud which was treated by using brine and then heated under high temperature 
shows better performance. 
 
 
Keywords: Acid mine drainage; Arsenic; Sediment; Paddy field; Soil acidification; 
Incubation experiment; Rice; Red mud 
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要  旨 
中国西南地域おにいて、酸性鉱山廃水に起因する重金属汚染が深刻化してい
る。その現状を把握し、対策を講じることが急務となっている。そこで、本研
究は貴州省興仁県でヒ素含有量の高い炭鉱を有する典型的な石灰岩小流域を
選び、河川水、貯水池の底質、水田土壌及び米のサンプルを採取・分析した。
長期にわたって、流域の土壌、河川水質へ与える酸性鉱山廃水の影響を評価す
ることを試みた。 
１）酸性鉱山廃水の流入した貯水池では水酸化鉄は流入水中のヒ素を吸着し、
共沈殿した。池底の還元的環境では、ヒ素は鉄とともに堆積物の間隙水に
再溶出し、主にチオ亜ヒ酸塩と H3AsO3の２つの形態として存在する。間隙
水中のヒ素の濃度は水酸化鉄によって支配されている。 
２）研究地域の土壌のｐＨ(H2O)が 6.2 前後であるに対して、二十数年間にわ
たって酸性水に灌漑され続けてきた水田土壌のｐＨは 3.2から 5.5であっ
た。被害を受けた水田土壌は K、Ca及び Mg元素の含有量が少なく、特に
土壌 pH(H2O)が 5.0 以下場合にアルミニウムの含有量も著しく減少した。
研究地区の水田土壌が広く酸性化されていたことがわかった。 
3) 酸性化被害を受けた水田土壌のヒ素濃度が環境標準を超えた。その濃度は
川に近い水田ほど高いことが分かった。また、稲作物からもヒ素が検出さ
れ、その含有量は根>わら>穀物の順で少なくなった。また、土壌から玄米
へのヒ素の移行系数(Transfer Factor)は約 0.0009であった。 
 X 
 
4) アルミニウム鉱石精錬過程の副産物であるレッドマッドを用いて、酸性排
水処理実験を行い、その効果を処理効率と耐久性の両面から評価した。そ
の結果、塩化物溶液で飽和したレッドマッドを高温で処理したものは最も
良いものであることが分かった。 
 
 
キーワード：酸性鉱山廃水；ヒ素；水田；土壌酸性化； 
培養実験；稲；レッドマッド 
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Chapter 1 Introduction 
1.1 Environmental impact of coal industry 
    Mining activities are often related to many environmental impacts including 
waste disposal, loss of biodiversity, soil contamination, as well as water and air 
pollutions. In China, the metal ore mining and processing generated 242.2 Mt of 
tailings and 107.8 Mt of smelting slags in 2002, and over 6336 Mt of solid waste 
storage has been accumulated (Li 2006). Coal mining is one of the main mining 
activities in China. In some mining areas the liquid that drains from coal stocks, coal 
handling facilities, coal washeries, and even coal waste tips can be highly acidic, and 
called as acid mine drainage (AMD). When these leachates reach rivers, they become 
the major contamination sources of heavy metals and metalloids in soil and aquatic 
systems. 
1.2 Acid mine drainage 
1.2.1 Generation of AMD caused by coal mining 
    Coal is a fossil fuel formed from the decomposition of organic materials that 
have been subjected to geologic heat and pressure over millions of years. Large 
volume of tailings is usually produced in the mining process. Two of the most 
common sulfides, pyrite and marcasite, FeS2, are constituents of many coals. In pyrite 
and marcasite, both iron and sulfur are in reduced forms. Other transition elements 
 2 
 
such as cobalt, nickel and copper may partially replace iron, and arsenic can replace 
sulfur in these minerals to some extent. Release of heavy metals from mining sites 
occurs primarily through AMD, erosion of waste dumps and tailings deposits. So the 
generation and releases of AMD associated with high concentrations of heavy metals 
are the environmental concerns in the world. 
    AMD is produced by biotic and abiotic oxidation of the sulfide minerals, and the 
subsequent release of large amounts iron and sulfuric acid to aqueous systems 
(Bigham et al. 1996; Malmström et al. 2006; Cravotta 2008). The process is complex 
and can involve chemical, biological, and electrochemical reactions. Initially, pyrite 
oxidation involves the adsorption of oxygen and water to the partly protonated pyrite 
surface by bonding to Fe
2+
 (Fornasiero et al. 1994). The factors affecting the kinetics 
of oxidation include oxygen, ferric iron, temperature, pH, Eh, and the presence or 
absence of microorganisms. The importance of microbially mediated sulfide oxidation 
has been recognized for several decades (Nordstrom and Southam 1997). Bacteria 
catalyze the oxidative dissolution of sulfide minerals, increasing the production of 
acidity in mine wastes. In the absence of bacteria, the rate of sulfide oxidation 
stabilizes as the pH decreases below 3.5 (Singer and Stumm 1970). 
The initiating reaction in the geochemical processes of mining AMD is oxidation 
of pyrite. O2 is the predominant oxidant at circumneutral pH: 
2 2
2 2 2 42 7 2 2 4 4FeS O H O Fe SO H
      
    
(1-1) 
When O2 is the oxidant under near-neutral pH conditions, one oxygen atom in the 
sulfate is derived from dissolved O2, with the remainder derived from H2O. Under 
 3 
 
acidic conditions, all four oxygen atoms in sulfate are derived from H2O (Reedy et al. 
1991). Singer and Stumm (1970) suggested that, under acidic conditions, the major 
oxidant of pyrite is Fe
3+
. Fe
3+
 producted in pyrite oxidation at circumneutral pH has 
also been observed (Brown and Jurinak 1989; Evangelou and Zhang 1995; Moses et 
al. 1987), and the reaction can be sustained with the presence of dissolved O2 to 
perpetuate the oxidation to Fe
3+
. Although both Fe
3+
 and oxygen can bind chemically 
to the surface, the more rapid oxidation rates for Fe
3+
 compared to those for O2 are 
due to a more efficient electron transfer for Fe
3+
 (Luther 1987). 
    
2 3
2 24 4 4 2Fe O H Fe H O
     
                
(1-2) 
    3 2 2
2 2 414 8 15 2 16FeS Fe H O Fe SO H
       
   
(1-3) 
The oxidation of pyrite to Fe
2+
 and SO4
2-
, which occurs slowly at neutral pH, becomes 
much faster at pH values below 4 due to the action of acidophilic chemolithotroph 
bacteria. Fe(III) oxyhydroxides such as ferrihydrite may precipitate: 
3
2 33 ( ) 3Fe H O Fe OH H
   
                   
(1-4) 
where Fe(OH)3 is a surrogate for ferrihydrite. The ferric iron hydroxide formed is a 
yellowish-orange precipitate that turns the acidic runoff in the streams to an orange or 
red color and covers the stream bed with a slimy coating. 
1.2.2 Geochemical evolution of AMD 
    AMD producing minerals generally occur with acidity-buffering minerals. 
Silicates and carbonates are the most notable acid buffering minerals. Because 
silicates are the major components of the Earth’s crust, they are the most common 
 4 
 
acidity-buffering minerals concerning AMD. The following two reactions mention the 
overall reaction processes for congruent and incongruent silicate weathering.  
Congruent weathering:
4 2 2 2 5 42 2 3 ( )
xMAlSiO H H O M Al Si O OH           (1-5)                                     
M=Ca, Na, K, Mg, Mn or Fe 
Incongruent weathering: 3
4 2 4 43 3
xMAlSiO H H O M Al H SiO OH          (1-6)  
M=Ca, Na, K, Mg, Mn or Fe 
Carbonates, e.g. calcite or dolomite, have an enormous acidity buffering potential. 
Calcite is the most important mineral buffering the impact of AMD: 
2
3 2 32CaCO H Ca H CO
                              (1-7) 
With the increasing of water pH, iron hydroxides will produce. The formation of 
Fe(OH)3(s) is a simplification as the composition of secondary Fe(III) phases formed 
are known to depend on pH and the SO4
2-
 concentration of the AMD. Boukhalf (2012) 
used several methods to characterize the mineral precipitates in the sediment of Essouk 
River which was affected by AMD. EDX and XRF technologies showed the 
heterogeneous character of the sediments. It was detected that the precipitates were 
mainly composed of iron and sulphur. Based on DRX and IR analyses, it was found 
that the sediments mineralogy varies with waters pH. Under the condtion of very 
acidic pH (<3) and high SO4
2-
 concentration, jarosite is the principal mineral, but  
schwertmannite, feerrihydrite and goethite precipitate with the increasing of pH 
(Bigham et al. 1996; Bigham and Nordstrom 2000). 
    In general, the precipitate formed contains two or more of the minerals rather 
than one pure phase. Many studies demonstrate that goethite is often present in AMD 
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precipitates dominated by schwertmannite (Bigham et al. 1996; Gagliano et al. 2004; 
Murad and Rojik 2005; Schwertmann and Carlson 2005). One reason is that goethite is 
thermodynamically more stable than, e.g., ferrihydrite and schwertmannite, which 
transform into goethite by hydrolysis with months to years (Cornell and Schwertmann 
2003; Johnson and Hallberg 2005). Limited evidence suggests that the rate of 
transformation depends on the solution involved, pH and temperature (Jönsson et al. 
2005; Schwertmann and Carlson 2005), concentrations of sulfate and dissolved 
organic carbon (Knorr and Blodau 2007). Recent research has shown that 
schwertmannite transformation also occurs under anoxic conditions and 
Fe(II)-catalyzed conversion of schwertmannite to goethite is very rapid (Burton et al. 
2008). 
    The Fe(III) precipitates are potentially useful in the treatment of AMD as they 
can reduce the aqueous concentration of heavy metals, either by sorption, 
coprecipitation, or a combination of them (Dzombak and Morel 1990; Karthikeyan et 
al. 1997; Martíez and McBride 1998; Runkel et al. 1999; Trivedi et al. 2004). The 
adsorption is strongly pH dependent. It increases with pH and varies with metal ions 
and minerals. As mentioned earlier, pH affects formation of Fe(III) phases which in 
turn affects the sorption of metal ions in water. Schwertmannite acts as an important 
sink for minor elements (e.g., As, Hg, Pb, Cr) through adsorption or coprecipitation 
(Bissen and Frimmel 2000; Carlson et al. 2002; Fukushi et al. 2003; Regenspurg and 
Peiffer 2005; Espana et al. 2006). AMD in western Tasmania contained dissolved iron 
and arsenic concentrations of 800 and 2.5 mg L
-1
, respectively. The aqueous 
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concentration of both arsenic and iron decreased markedly over a 150-m stretch from 
the adit mouth due to precipitation of hydrous ferric oxides (HFO) and jarosite, both of 
which are effective scavengers of arsenic (Gault et al. 2005). A natural stream in the 
southwest of the Iberian Peninsula was polluted by AMD. Heavy metals absorbed in 
sediments increase their potential toxicity for environment. Microtox test informs that 
the sediments in the river are extremely or very toxic, mainly related to concentrations 
of Fe, As, Cr, Al, Cd, Cu and Zn (Sarmiento et al. 2011).  
1.2.3 Migration of arsenic in environment 
1.2.3.1 Arsenic in water 
Under the extremely acid conditions of some AMD, which can have negative pH 
values (Nordstrom et al. 2000), high concentrations of Fe and As are found in waters. 
The highest As concentration was reported as 850,000 mg L
-1 
in an acid seep in the 
Richmond mine at Iron Mountain, California (Nordstrom and Alpers 1999). In a 
compilation of some 180 samples of mine drainage from the USA, Plumlee et al. (1999) 
reported As concentrations ranging from detection limits (<1 mg L
-1
 or more) to 
340,000 mg L
-1
. As concentration was found even high of 400,000 mg L
-1
 from the Ural 
Mountains (Gelova, 1977). 
In AMD, aqueous arsenic occurs either as As(III) or As(V) (Williams 2001). 
Although the precipitation of tooeleite, an As(III)-Fe(III) mineral, can be found in rare 
cases (Morin et al. 2003), the As(III) form, which is believed to be the most toxic, is 
rather stable in solution, especially at low pH. On the contrary, As(V) presents a strong 
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affinity for Fe(III). In AMD from the former Carnoules mine (France), the formation of 
an amorphous As(V)-Fe(III)-oxyhydroxy-sulfate precipitate has been reported 
(Leblanc et al. 1996; Morin et al. 2003). More frequently, As(V) forms scorodite 
(Roussel et al. 1999) or is adsorbed on schwertmannite and ferrihydrite as a function of 
pH (Carlson et al. 2002). When transported downstream during floods, these minerals 
may dissolve upon water neutralization and release the As. The dissolution of As may 
be counteracted by the precipitation of Fe- or Al-oxyhydroxides which efficiently 
scavenge As(V) (Kimbal et al. 1995). Along the flow path, the As concentration and 
partitioning between the solid phase and the solution may be further modified by local 
pH and redox condition (Fuller and Davis 1989). 
1.2.3.2 Arsenic in sediment 
Sediment-bound arsenic is a worldwide public health concern because it can 
contaminate water used for drinking and irrigation (Smedley and Kinniburgh 2002; 
Polizzotto et al. 2008). Some high concentrations of As have been found in porewaters 
extracted from unconsolidated sediments and often form sharp contrasts to the 
concentrations observed in overlying surface waters  (Belzile and Tessier 1990). 
Widerlund and Ingri (1995) found concentrations of As in the range 1.3-166 mg L
-1
 in 
porewaters from the Kalix River estuary of northern Sweden. Yan et al. (2000) found 
As concentrations in the range 3.2-99 mg L
-1
 in porewaters from clay sediments in 
Saskatchewan, Canada. Increased concentrations have been found in porewaters 
affected by geothermal inputs. Aggett and Kriegman (1988) and McCreadie et al. (2000) 
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found As concentrations up to 6430 mg L
-1
 in anoxic porewaters from New Zealand. 
Even higher concentrations can be found in porewaters from sediments affected by 
mining contamination (tailings, mineral-rich deposits). McCreadie et al. (2000) 
reported As concentrations up to 100,000 mg L
-1
 in porewaters extracted from tailings 
in Ontario. 
    It is generally recognized that the biogeochemical cycling of As in aquatic 
sediments is closely coupled to that of iron, sulfur and organic carbon (Harvey et al. 
2002; O’Day et al. 2004; Wilkin and Ford 2006). In aquatic environments where 
bottom water is oxygenated, it is well established that As is recycled with Fe 
oxyhydroxides during early diagenesis of sediments (Belzile and Tessier 1990; Root et 
al. 2007). Several field studies reported that porewater As is able to diffuse through a 
thick layer of authigenic Fe oxyhydroxides in lake sediments (Martin and Pedersen 
2002; Senn et al. 2007). If anoxia has developed in the bottom waters, reducing 
conditions within the sediments, or at the sediment-water interface drive the dissolution 
of the Fe oxyhydroxides and the release of both As and Fe to the porewaters (Root et al. 
2007). As the Fe(II) produced consumes the available aqueous S(-II) (Morse and 
Rickard 2004; Aggett and O’Brien 1984), dissolved As may be sequestered by 
co-precipitation with (Aggett and O’Brien 1984), or adsorption onto authigenic Fe 
sulfide minerals (Farquhar et al. 2002; Bostick and Fendorf 2003; Bostick et al. 2004; 
Wolthers et al. 2005). If all of the Fe(II) is fixed as solid Fe sulfides, the remaining 
aqueous S(-II) becomes available to complex As (Wilkin et al. 2003) and to form solid 
As sulfide minerals, provided that As concentrations are sufficiently high to exceed the 
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solubility of such minerals (O’Day et al. 2004; Hollibaugh et al. 2005). 
1.2.3.3 Arsenic in soil 
    The fate and behavior of arsenic in soils depends greatly on the processes of 
adsorption and desorption (Naidu et al. 2006; Yang et al. 2005; Zhang and Selim 2005; 
Bowell 1994; Williams et al. 2003). Redox conditions and pH influence arsenic 
speciation, bioavailability and mobility in soils. The effect of the pH, the concentration 
of phosphate and the ionic strength on adsorption/desorption of arsenic in soils has been 
studied by many researchers (Lumsdon et al. 2001; Impellitteri 2005). The presence of 
phosphate in solution can decrease the amount of arsenic sorbed by soil because of 
arsenic has similar chemical behavior to phosphorous (Smith et al. 2002; Williams et al. 
2003; Melamed et al. 1995). 
The use of contaminated irrigation water for paddy fields has resulted in an 
elevated level of As in rice grain (Meharg and Jardine 2003; Meharg 2004; Williams 
et al. 2006). From the 1950s to 1980s, As contamination in soil caused a problem for 
rice production in some paddy fields downstream of mining areas in Japan (Yamane 
et al. 1976). Accordingly, the environmental standard for As in paddy field was set as 
15 mg kg
-1
 soil with 1 mol L
-1
 HCl extraction. In addition to As in soil, water 
management of paddy fields is another important factor affecting As uptake by rice 
(Xu et al. 2008; Arao et al. 2009). In As contamination areas, cultivation of rice under 
aerobic conditions has been recommended (Yamane et al. 1976; Maejima and T. Arao 
2008). As(V) is generally more stable than As(III) at Eh greater than -100 and 300 
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mV at pH 8 and 4, respectively (Inskeep et al. 2002). In soil under aerobic conditions, 
As is less mobile because As(V) is strongly adsorbed on most mineral constituents, 
including Fe and Al (hydr)oxides and aluminosilicates, with pH below 8.5 (Goldberg 
2002). In contrast, As becomes mobile under anaerobic conditions. An increased 
concentration of As(III) in soil solution is commonly observed in flooded paddy fields 
(Takahashi et al. 2004; Xu et al. 2008; Arao et al. 2009) and floodplain soils (Blodau 
et al. 2008; Weber et al. 2010). The adsorption capacity of ferric (hydr)oxide is 
greater for As(III) than for As(V) at pH > 6 (Manning et al. 1998; Dixit and Hering 
2003). Because of the selective adsorption of As(III) by ferric (hydr)oxides, As is 
associated with the Fe mineral phase in soil under anaerobic conditions (Mitsunobu et 
al. 2006; Ackermann et al. 2010; Postma et al. 2010). The rate of desorption for As(III) 
by ferric (hydr)oxide is also much greater than that for As(V) (Herbel and Fendorf 
2006). This is because the surface complex of As(III) includes both an outer-sphere 
complex (Goldberg and Johnston 2001) and multiple inner-sphere complexes 
(Ona-Nguema et al. 2005; Stachowicz et al. 2006), whereas As(V) forms only an 
inner-sphere complex (Waychunas et al. 1993; Fendorf et al. 1997). Ferric 
(hydr)oxide undergoes reductive dissolution with the development of anaerobic 
conditions due to the activity of Fe reducing bacteria, which are ubiquitous in soils. 
Arsenic adsorbed onto ferric (hydr)oxide is concomitantly released to solution due to 
loss of the adsorption phase. This process is considered to be the predominant 
mechanism causing high concentrations of As in subsurface waters of southern Asia 
(Nickson et al. 2000).  
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1.2.4 Impact of AMD on environment 
1.2.4.1 Impact of AMD on aqueous environment 
    The effects of AMD on surface waters can be summarized as acidity, metal 
toxicity, metal precipitation and salinization with the degree of impact ranging from 
non-detectable to complete destruction of the normal flora and fauna (Kelly 1988; Gray 
1997; Cherry et al. 2001; DeNicola and Stapleton 2002; David 2003). Contamination 
of natural waters with AMD leads to severe acidification and release of toxic elements 
from mining residues; and induces the erosion, sedimentation and precipitation of 
Fe(III) minerals. The extent of damage depends on different controlling factors 
including the size and buffering capacity of the receiving stream as well as the 
biogeochemical properties of the AMD (Bigham and Nordstrom 2000).  
    Serious pollution hazards from AMD have been reported in multiple sites 
worldwide. AMD has a wide range of effects, physicochemical changes in acidity, 
turbidity, sediment composition and ionic content. The long term impacts of AMD on 
stream chemistry and regional carbon and sulfur budgets were studied in watersheds 
of Pennsylvania underlain by extensive coal deposits(Raymond 2009). The 
Lackawanna River and upper Schuylkill River, both ~900 km
2
 watersheds, witnessed 
dramatic changes in pH, alkalinity, calcium, magnesium and sulfate. Sulfate fluxes 
from these watersheds, for instance, were 4-12 times higher in the 1940s than they are 
currently. Fluxes of sulfate and magnesium from the Susquehanna River at Danville, 
the major tributary to the Chesapeake Bay, are currently 32 and 70% of what they were 
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in the 1940s, while alkalinity fluxes have doubled and pH has recovered 0.8 pH units. 
During the 1940s, the export of AMD derived sulfate to the 29,000 km
2
 portion of the 
Susquehanna River was twice as large as the current input from SOx deposition to the 
entire 71,000 km
2
 Susquehanna watershed. 
Direct exposure to AMD and sediments discharged from abandoned metal mines 
poses a serious hazard to aquatic biota (Peplow and Edmonds 2005). Large amount of 
metallic ions and sulfate flowing into the streams impart typically high acidity, high 
conductivity, etc., thereby resulting in the chemical degradation of the streams. 
Various biological impacts such as bioaccumulation, metabolic malfunctions (Blasco 
et al. 1999) and issue damage affect the aquatic biota. AMD also reduces primary 
production and results in depleted numbers of sensitive species (Kim et al. 2002b). 
The contamination by AMD typically induces the formation of a significant amount 
of iron precipitates on the river bed, mainly as Fe oxyhidroxy-sulfates precipitates 
(Bigham and Nordstrom 2000). The majority of elements of AMD discharging into 
aquatic system eventually end up in sediments that act as a sink of pollution, as well 
as a source of pollution (Delistraty and Yokel 2007; Power and Champan 1992). 
1.2.4.2 Impact of AMD on soil 
Soil is a natural body consisting of layers that are primarily composed of 
minerals. It is composed of broken rock which has been altered by physical, chemical 
and biological processes that including weathering with associated erosion. Without 
soil, there would be nowhere to grow food that is the sustenance of life including 
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humans. When the soil was affected by the AMD, the soil may be acidified and its 
chemical composition may also be changed. Sucha et al. (2002) compared the soils 
affected by AMD and unaffected soils close to the mining site of Sobov and found 
differences in pH, chemistry of Al, occurrence of various minerals, particle 
organisation and porosity. 
Soil acidification has been defined as a decrease in the acid neutralization capacity 
of the soil (Breemen et al. 1984). Such a decrease may coincide with a decrease in soil 
pH. The proton consumption reactions in soils have been systematically described by 
Ulrich (1981, 1983). 
Carbonate buffer range. Soils containing CaCO3 in their fine earth fraction (calcareous 
soils) are classified into the carbonate buffer range (pH > 6.2). Ca
2+
 is the dominant 
cation in the soil solution and on the exchange surfaces of the soil particles. The buffer 
capacity of soils in this range is proportional to the amount of CaCO3 in the soil.  
Silicate buffer range: If there is no CaCO3 in the fine earth fraction and carbonic acid is 
the only acid being produced in the soil, the soil is classified into the silicate buffer 
range (6.2 > pH > 5.0). In this range the only buffer process acting in the soils is the 
weathering of silicates and the associated release of base cations, since the dissolution 
of aluminous compounds is not significant until a pH of less than 5.0 is reached.  
Cation exchange buffer range. The soils are classified into the cation exchange buffer 
range when the cation exchange reactions play the major role in acid buffering: the 
silicate buffer range is inadequate to buffer the acid stress completely. The excess stress, 
not buffered by the reactions of the silicate buffer range, is adsorbed in the form of H
+
- 
 14 
 
or Al-ions at the exchange sites, thus displacing the base cations. As long as the base 
saturation stays above 5-10%, the excess stress is buffered by the cation exchange 
reactions and the soil pH takes a value between 5.0 and 4.2, the actual value depending 
on the base saturation.  
Aluminium buffer range. Below the critical value of base saturation the soils are 
classified into the aluminium buffer range. Hydrogen ions are consumed when 
releasing aluminium mainly from clay minerals. The soil pH is within the range 4.2-3.0.  
Iron buffer range. At the extreme stage of acidification, soils may be classified into the 
iron buffer range. Increasing solubility of iron oxides is observed. The pH-values as 
low as 3.0 indicate that living organisms will suffer from toxicity and nutrient 
deficiency. 
Soil acidification caused by AMD generally focuses on the loss of (micro) 
nutrients from the soil, and on the decreased pH of soil solution in combination with 
high dissolved loads, especially of Al, sulfate, Fe, and other metals. Dubiková et al. 
(2002) documented that soils acidified with AMD are not simply leached by acid, but 
exchange with a high metal acid solution, resulting in both leaching and accumulation. 
Magnesium from AMD may exchange with Ca and then be partly replaced by Al and 
protons. However, Ca and Mg remained significant as exchangeable species. The 
buffer capacity certainly varied with the transformation of clay minerals but also with 
the extent of oxyhydroxide coatings on mineral surfaces and within the interlayer 
spaces (Thomas and Hargrove 1984). The stability of Al hydroxy-interlayers is pH 
dependent, being favored in the pH range from 4.0 to 5.8 (Barnhisel and Bertsch 1989). 
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Interactions between acid mine drainage and the soil were evaluated by the changes in 
the mineral compositions. The main differences between the acidified and the 
non-acidified soil were in the presence of jarosite and in the authigenesis of two types 
of amorphous and/or poorly crystalline matter (Fe-rich; Al, Si-rich). The most frequent 
Fe-rich matter was identified as ferrihydrite. Soil acidification with AMD may affect 
vegetation and soil biology (Holub et al. 1993; Banasova and Sucha 1998) . 
Soils, in their capacity as chemical filters, may adsorb, neutralize and retain or 
store potential pollutants (Spiro and Strighan 1996). Many researchers had reported 
that heavy metals such as Pb, Cd, Cr, Cu, and Zn accumulated in soils near mines via 
mining processes and/or AMD (Alloway 1990; Park and Kim 1998; Min et al. 2005; 
Shao et al. 2008). The sorption property of the minerals in a soil is associated mainly 
with the clay fraction, which is composed of a mixture of several aluminosilicate clay 
minerals (Kabata-Pendias and Pendias 1984). It is important to accurately assess the 
availability and toxicity of heavy metals in specific AMD-polluted soils. Activity of 
heavy metals is controlled not only by total contents, but also by the chemical forms, 
especially soluble metal species that are preferentially taken up by organisms (Sauvé 
et al. 2000). Concentration or activity of “free” or non-complexed metal ion in soil 
solution is considered as a key factor in determining solubility, mobility and 
bioavailability in most circumstance (Parker and Pedler 1996). Free ions and metal–
ligand complexes dissolved in soil solution depend on their adsorption and desorption 
equilibrium with soil solid compartments including organic matter, oxides and clays 
(Benedetti 2006). Rodriguez et al. (2009) studied the fraction of Pb and Zn in the 
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mine tailings and surrounding soils of an old Spanish Pb-Zn mine by using sequential 
extraction technology. The results showed that most of the Pb was associated with 
non-residual fractions, mainly in reducible form, in all the collected samples. Zn 
appeared mainly associated with the acid-extractable form in mine tailing samples, 
while the residual form was the predominant one in samples belonging to surrounding 
areas. 
1.1.4.3 Impact of AMD on plants 
Acid conditions can cause nutrients to be leached from soils (Driscoll et al. 2001; 
Bourg and Loch 1995; Sibrell and Watten 2002), resulting in nutrient depletion that 
can lead to reduced plant growth and increased susceptibility to stress. Even chronic 
exposure to acid deposition, this may deplete soils of nutrients essential to plant 
growth, leading to low foliar levels of potassium (K), Ca, and Mg (Bernier and 
Brazeau 1988; Drohan et al. 2002; Horsley et al. 2000) and ultimately to declines in 
tree growth, health and survival (Bernier et al. 1989; Craig and Friedland 1991; 
Ouimet et al. 2001). When the soil pH is within the range 4.2-3.0, high aluminium 
concentration characterizes the soil solution and may cause toxic effects on plant roots. 
It also dissolves manganese (Mn) from soil, high amounts of which would lead to 
toxicity to plants. 
Because the AMD has low pH and high heavy metal concentrations, it can have 
adverse effects on ecosystems (Stephenson et al. 1995; Sibrell and Watten 2002; 
Stephens et al. 2003). Pine, bicolored lespedeza and Japanese alder seeds planted in 
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soils contaminated with heavy metals were found to have reduced sprouting rates (Seo 
et al. 2006). The symptoms of reduced root growth, reduced seed sprouting and 
seedling stunting, necrosis, and chlorosis appear in susceptible plants grown in soils 
contaminated with heavy metals (Gemmell 1977; Foy et al. 1978; Wong and 
Bradshaw 1982). Wetlands exposed to AMD have markedly reduced plant species 
richness (Stephenson et al. 1995), which may make them susceptible to invasive 
species, because it alters nutrient availability (Weider and Lang 1984). When soil pH 
falls below 4.5, heavy metals such as aluminum become more soluble and can block 
plant up-take of more important nutrients, such as calcium, nitrogen, and phosphorus 
(Driscoll et al. 2001). In wetlands, AMD reduces carbon content in plant tissues and 
causes a decrease in plant species richness (Stephens et al. 2003; Stephenson et al. 
1995). 
Food crops grown in contaminated areas may accumulate much higher than 
normal amounts of heavy metals. Some crop plants growing in highly contaminated 
soil contain heavy metals at concentration levels hazardous to human health (Kim et 
al. 1998; Kim et al. 2002a). Arsenic is most readily available to plant roots in 
saturated, anaerobic, soil conditions (Xu et al. 2008). Arsenic accumulation in soils 
reduces soil productivity (Liebig 1966) and is toxic to plants (Deuel and Swoboda 
1972). In the southern United States, for example, As toxicity has been associated 
with straighthead, a physiological disease of flooded rice (Gilmour and Wells 1980; 
Wells and Gilmour 1977). 
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1.2.5 Potential hazardous of AMD to human 
    The human may through food and water exposure to the heavy metal which is from 
AMD. When agricultural soils are polluted by AMD, heavy metals are taken up by 
plants and consequently accumulate in their tissues (Trueby 2003). Animals that graze 
on such contaminated plants and drink polluted waters, as well as marine lives that 
breed in heavy metal polluted waters also accumulate such metals in their tissues, and 
milk, if lactating (Habashi 1992; Horsfall and Spiff 1999). Humans are in turn exposed 
to heavy metals by consuming contaminated plants and animals, and this has been 
known to result in various biochemical disorders.  
The biotoxic effects of heavy metals refer to the harmful effects of heavy metals to 
the body when consumed above the bio-recommended limits. Although individual 
metals exhibit specific signs of their toxicity, the following have been reported as 
general signs associated with cadmium, lead, arsenic, mercury, zinc, copper and 
aluminium poisoning: gastrointestinal disorders, diarrhoea, stomatitis, tremor, 
hemoglobinuria causing a rust–red colour to stool, ataxia, paralysis, vomiting and 
convulsion, depression, and pneumonia when volatile vapours and fumes are inhaled 
(McCluggage 1991). The nature of effects could be toxic (acute, chronic or 
sub-chronic), neurotoxic, carcinogenic, mutagenic or teratogenic. For example, arsenic 
toxicity symptoms depend on the chemical form ingested (Ferner 2001). Arsenic acts to 
coagulate protein, forms complexes with coenzymes and inhibits the production of 
adenosine triphosphate (ATP) during respiration. It is possibly carcinogenic in 
com-pounds of all its oxidation states and high-level exposure can cause death 
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(Ogwuegbu and Ijioma 2003). Arsenic toxicity also presents a disorder, which is 
similar to, and often confused with Guillain-Barre syndrome, an anti-immune disorder 
that occurs when the body’s immune system mistakenly attacks part of the peripheral 
nervous system (PNS), resulting in nerve inflammation that causes muscle weakness. 
1.3 Materials used for treating AMD 
Traditionally, AMD is treated with lime to regulate the pH and concomitantly 
precipitate heavy metals. The use of limestone (Maree and du Plessis 1994) or a 
combination of lime and limestone (Maree et al. 1998); Geldenhuys et al. 2001) is 
cheaper alternative to treat AMD. Reagent costs, clarifier retention time and sludge 
yield are minimized when CaCO3 (limestone) is used as the alkaline reagent (Hedin et 
al. 1994; Dempsey and Jeon 2001; Sibrell and Watten 2003). Limestone, however, is 
severely restricted by the development of Al
3+
, Fe
3+
, Mn
2+
, and SO4
2−
 based scales that 
restrict transport of reactants and products to and from reactive surfaces (Lovell 1973; 
Pearson and McDonnell 1975; Ziemkiewicz et al. 1997). 
Other agents investigated are blast furnace slag (Feng et al. 2004) and fly ash 
(Petrik et al. 2003; Xenidis et al. 2000). Alkaline-based furnace slags as 
non-conventional sorbents for various heavy metal ions combine ion-exchange and 
sorption properties with an acid-neutralising ability. Furnace slag can be converted into 
an effective adsorbent and used for the removal of metal ions. Feng et al. (2004) 
reported that the use of slag increased the pH to neutral and removed successfully most 
of the heavy metals from AMD. Several reports have demonstrated the capacity of fly 
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ash to improve the quality of leachates in passive treatment of AMD. Petrik et al. 
(2003) also reported that neutralization of various sources of acid mine water with fly 
ash or fly ash leachate was possible, without the use of liming agents. Some novel 
applications to control AMD at the source with the use of thiocyanate compounds and 
phosphate derivatives were also reported (Mudder et al. 2005). 
1.4 Red mud for treatment of AMD 
    The by-product from alumina production via the Bayer process is termed bauxite 
residue, often colloquially referred to as red mud. In its typical form, red mud is brick 
red in colour, caustic, about three times as dense as water and, when un-neutralised, 
has a high pH-typically around pH 13 (Paramguru et al. 2005). It is primarily 
composed of iron oxide, silica and alumina, amongst traces of other heavy metals. 
Red mud particles are quite small; typically 99% will pass through a 0.6 mm sieve 
and 87% through a 0.038 mm sieve (Paramguru et al. 2005). Red mud has properties 
that can assist the process of environmental remediation (Cooling and Jamieson 2004; 
Jamieson et al. 2005; Komnitsas et al. 2004; Lin et al. 2004). One possible re-use 
option for red mud is as an alternative neutralant to lime in the treatment of AMD. 
1.5 Purpose of the study 
    Because of the serious damage to environment, AMD behavior in environmental 
has attracted much attentions from all over the world since hundreds of years ago. As 
stated above, the knowledge about AMD has been known, including its generation, 
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geochemical characteristics, environmental impact, treatment methods etc. Based on 
these scientific understandings, some measures have been adopted in the mining 
process to protect the environment. But there still have some problems unsovled. 
(1) Researches have provided useful knowledge for understanding of arsenic 
mobilization in the sediment in slightly acidic or neutral condition rather than 
strong acidic situation with water pH below 3. Many studies on the basin 
acidification are related to the dry and wet deposition associated to air bound 
pollutants. AMD not only has high acidity but also contains more chemicals such as 
heavy metals than the wet and dry deposition. This may make the soil acidification 
process have some difference comparing with that of acid precipitation.  
(2) The behavoir of As in paddy soil and the associated mechanisms of As absorbed 
by rice are still poorly understood, henceforth it is crucial to understand the factors 
that may play important roles in As uptake by rice. 
(3) Sedimentation pond is not an environmentally effective means for AMD treatment. 
It is necessary to develop a new way to treat AMD with good cost performances. 
This study has conducted in a typical small watershed which has polluted by an 
abandoned coal mine located in southwest of Guizhou province, China. AMD 
generated from the tailing has affected the surrounding environment for decades. The 
coal in this area is high in As. A reservoir close to the coal mine has been polluted by 
the AMD, and plays as a sedimentation pond for the AMD. The geochemical properties 
of the sediment and the characteristics of As migration in reservoir environment should 
be studied. This may help to understand the purifying effect of the reservoir to the 
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AMD, especially for the removal of As. The acidified water containing with certain 
amount of heavy metal has influenced the irrigation water downstream and the paddy 
soil quality. The paddy field may have been acidified by the acid water and 
accumulated certain amount of As. The study on soil acidification has been done by 
many researchers. But most of these studies are focused on the acidification caused by 
acid deposition not the AMD. So the acidification characteristic of paddy soil in the 
study area has been considered to be studied. The migration ability of As might be 
increased in the acidified soil, especially under reductive condition. The releasing 
characteristic of As form the paddy soil were also studied in laboratory by resorting to 
incubation experiment. The As in the paddy field may transfer into rice. As 
concentration in rice and the spatial distribution characteristic were studied to further 
understand the mining activity to rice grow. To resolve the pollution problem in the 
area, red mud was tried to be used to treat AMD in laboratory.  
Overall, the purpose of the dissertation are to study 1) the geochemical 
characteristics of AMD generated from the tailings of the high arsenic coal mine; 2) the 
geochemical heavier of arsenic in reducing sulfidic sediment of reservoir; 3) the soil 
acidification of paddy field influenced by AMD; 4) the heavy metal pollution in the 
paddy field and releasing characteristic of As; 5) the As distribution in paddy soil and 
rice plant; and 6) to use the modified Bayer red mud for treating AMD. The content, 
structure and scientific subjects in the dissertation and the schematic of scope are 
showed in Table 1-1 and Figure 1-1, respectively.
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Table 1-1 Content, structure and scientific subjects discussed in the study. 
Chapter Contents Scientific subjects discussed 
Chapter 1 -2 1) Reviews on the AMD 
including its generation 
mechanism, chemical 
characteristic, environmental 
impact, treatment method et al. 
2) Description of the background 
of study area and the study 
method. 
 
Chapter 3 1) Generation of AMD from the 
abandoned coal tailings. 
2) Geochemical behavior of 
arsenic in sediment. 
1) Investigation the chemical characteristics of porewater in the sediment. 
2)  Understand of the influence of iron and sulfur transformations to the arsenic 
behavior in sedimentary environment, and 
3)  Estimation of the effects of surface complexation and diffusion on arsenic 
distribution and migration in sediment. 
Chapter 4 1) Paddy soil acidification caused 
by AMD. 
1) Determination of spatial variations of the soil pH of the paddy fields with and 
without the influence of AMD. 
2) Discussion of the leaching characteristics of basic elements from paddy 
fields. 
3) Explaining the enrichment and transformation of aluminium in the soil 
profile. 
4) Assessment of the acidification rate of the watershed by resorting to soil pH 
buffer curve. 
Chapter 5 1) Heavy metal pollution in the 
paddy field and releasing 
characteristic of arsenic. 
1)  Study of chemical characteristics of paddy soil. 
2)  Releasing characteristics of arsenic from paddy soil under reducing condition. 
Chapter 6 1) Accumulation of arsenic by 
rice. 
1) Surveying the spatial distribution characteristics of As in the paddy field.  
2)  Assessing the variation of soil chemical characteristics and controlling factor 
  
2
4
 
of arsenic mobility in soil. 
3)  Evaluating the transfer of As from the contaminated soil to rice and the risk to 
human health. 
Chapter 7 1) Leaching column research of 
treatment of AMD using red 
mud. 
1) Assessment of treating effect of AMD using modified red mud. 
Chapter 8 General conclusions and further 
works 
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Science problems and framework in the study 
Mining Activities 
Acid Mine Drainage 
Environmental Problems 
1) Sediment Environment 
 
 
2) Water Quality 
 
 
3) Soil Quality 
 
 
4) Rice Growth 
Human Health 
Resource Utilization Industrial Waste 
Environmental Management 
Understand 
Ecological System 
Understand 
1) Chemical 
characteristic of 
AMD and arsenic 
behavior in 
sediment. 
Chapter 3 
     
2) Soil acidification 
           Chapter 4 
 
3) Releasing 
characteristic of 
arsenic from paddy 
soil 
           Chapter 5 
 
4) Accumulation of 
arsenic by rice 
           Chapter 6 
 
5) Treatment of AMD 
           Chapter 7 
 
 
 
 
Figure 1- 1 Schematic of the scope and scientific subjects in the study. 
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Chapter 2 Study background and sampling 
collection 
2.1 An overview of Guizhou province 
2.1.1 Geological background 
Guizhou province is situated on the eastern part of Yunnan-Guizhou Plateau in 
southwest China, and covers an area of approximately 170,000 km
2
. For the general 
relief in Guizhou, the average elevation decreases from 2000m in the north part to 
1200m in the south part of the province. About 73% of the province is covered by the 
Karst landform. There is a handover site of Tethyan domain-Pacific tectonic domain. 
Carbonate rocks are widely distributed, mainly limestone and followed by dolomite. 
According to the existing isotopic age data, the oldest strata outcrop is more than 1400 
million years ago. Geological unit can be divided into one block and two belts, Yangtze 
block, the Youjiang orogenic belt and Jiangnan orogenic belt (Figure 2-1).  
Southwest Guizhou is located near the edge of a Precambrian craton, one of third 
Precambrian cratons in China. Most of Guizhou Province is underlain by the Yangtze 
craton, which is composed of Proterozoic crystalline rocks overlain by Paleozoic and 
Lower to Middle Triassic marine deposits and Upper Triassic terrestrial deposits 
(Province 1986). Devonian to Triassic shallow-marine carbonate rocks were deposited 
on a broad cratonic platform near the edge of the Yangtze craton. The area was 
uplifted during late Triassic time and was covered by widespread terrestrial deposits, 
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including precursors to the coal beds. 
 
 
Yz: Yangtze block.  Jn: Jiangnan orogenic belt. Youjiang orogenic belt. 
1: Early Precambrian basement. 2: Caledonian fold. 3: Indosinian fold. 
4: Tectonic unit boundaries 
Figure 2- 1 Geological map of Guizhou province, China (Feng 2007). 
2.1.2 Coal resource and arsenic content 
Guizhou province has about 70,000 km
2
 of the area with coal resources 
accounting for forty percent of whole acreage, and is the top coal production in China. 
Major bearing-coal strata in Guizhou were formed in the Longtan age of the Late 
Permian. The tectonics or structure undergone the multi-epoch development, strong 
differentiation and got later into shape, and the sedimentary process had the 
characteristics of the continental-oceanic interaction, regional variance and frequently 
alternating sequences. Guizhou is the most important base of coal production that has 
been quickly developed in South China. The raw coal production in the province 
increased continuously in last decades from 40.25 million tons in 1999, 98.00 million 
tons in 2005, then 180.00 million tons in 2012 (Coal.IN-EN.com 2012). 
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The coals from large coal mines are similar to those elsewhere in China in that 
their As content is near the Chinese coal average (about 10-20 ppm), but some small, 
local coal mines contain high As coals. As content in some coals in Guizhou province 
is higher than the average value of about 10 to 20ppm in China, and even up to 3.5 
wt.%. The use of high As coals for cooking has caused more than 3000 cases of As 
poisoning in several villages. The high As coal is in the Longtan formation, which is 
an alternating marine facies and terrestrial facies. It is distributed on both sides of 
faults that parallel the regional anticlinal axis in Xingyi, Xingren, and Anlong counties 
which are also part of the Yunnan-Guizhou-Guangxi sediment-hosted Au area in 
southwest of Guizhou province.. The arsenic content of coal is different from coal 
beds and locations even in the same bed. Geological structures such as anticlines, 
faults and sedimentary strata control the distribution of high As coals. The closer to 
the fault, the higher in the As content. Some As-bearing minerals such as pyrite, 
arsenopyrite, realgar, As-bearing sulfate, As-bearing clays, and phosphate are found in 
the high As coals. The high As coals are anthracitic, apparently due to local thermal 
metamorphism related to mineralization. Small Au deposits are found near the high As 
coals. Lenticular ore bodies of orpiment, which were linked by veinlets, were found in 
a small Au deposit (Ding et al. 2001). 
2.1.3 Arsenic concentration in soil 
The average arsenic concentration in the top soil of Guizhou province is about 
21.0 mg/kg, and is higher than the average level of China (11.2 mg/kg). It ranges from 
13.0 to 25.0 mg/kg in the middle, northwest and northeast of Guizhou, above 25.0 
mg/kg in the southwest, and lower than 13.0 mg/kg in the east (Figure 2-2). The rank of 
arsenic content in the soils is in the sequence of limestone soil, yellow brown soil > 
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yellow soil, paddy soil > red soil, purplish soil. The arsenic concentration in soils and 
sediments depends on not only on its geochemistry background，but also the local 
mining activities. Xingren County is one of the most representative areas for its high 
arsenic coal in southwestern Guizhou Province. The arsenic concentrations in the area 
effected by mining activities are within the ranges of 5.28 to 234.14 mg/kg for soil, 
and 20.68 to 219.14 mg/kg for sediments, respectively (Wu et al. 2006). 
 
Figure 2- 2 Arsenic geochemical map of Guizhou province (Feng 2007). 
2.1.4 Coal Mining in Jiaole, Xingren county 
The Jiaole mining area is located in the southwest of Xingren county (E: 
105
o1’-105o2’, N: 25o3’-25o4’). It has a sub-tropical plateau climate with an average 
annual temperature of 15.2 
o
C. Generally, the average annual rainfall is about 1320.5 
mm (Figure 2-3), of which 84% is available in the rainy season from May to October. 
The bedrock is predominated by the sedimentary carbonate rocks from the Permian to 
Triassic period, mainly composed of gray dolomites, dolomitic limestones and gray 
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limestones (Figure 2-4) (Ding et al. 1999). The soil is classified as ferralic cambiso 
(FAO-UNESCO). Rice is the main crop production in the area. The paddy fields 
distribute in an erosion depression, and are irrigated by the water from Shitouzhai 
reservoir and Maoshitou reservoir (Figure 2-4). Both of them were built in 1958 for 
irrigation and flood control, with total storage capacities of 168,000 for Shitouzhai 
reservoir and 320,000 m
3
 for Maoshitou reservoir, respectively. About 9.0×10
3
 
m
3
/ha·yr of water is used to irrigate the paddy fields in the watershed. In the rice 
planting season, the average water depths of the Shitouzhai and Maoshitou reservoir 
were about 1.8 and 7.1 m, respectively. 
    Coal was found in the upstream of the Maoshitou reservoir in 1950s and mined in 
small scale from 1950s to 1970s. After Au deposit was also found near the coal mine, 
large scale of mining activities were in 1980s and 1990s. The Jiaole watershed became 
an endemic arsenosis area, because the coal producted has an arsenic content above 
1160 ppm. The main arsenic bearing minerals in the coal are As-rich pyrite and 
arsenopyrite (Ding et al. 2001). 
The Maoshitou reservoir has been acidified for more than 15 years because of the 
inflow of AMD producted from the coal mining activities in the basin from 1990s to 
the early of 2000s. Because of arsenic poisoning events caused by using the coal with 
high content of arsenic, the mines have been prohibited to exploit in the study area since 
2004. However, large amount of tailings are still left near the abandoned coal mine. 
Though the mining activities have been prohibited, there still exists AMD from the 
abandoned mines. In fact, the Maoshitou reservoir plays as the treatment pond to 
receive the acided streams containing with arsenic. Vegetations around the Maoshitou 
reservoir are protected well, and the hillsides are covered by pine and shrub. Shitouzhai 
reservoir was not affected by mining. In spite of small part of the paddy fields still 
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keeps neutral pH value, most of the paddy fields have been acidified to some extent 
(Tang et al. 2009). 
 
Figure 2- 3 Graph of average yearly rainfall at Xingren county (1951-2010). 
 
Figure 2- 4 Location, geological condition, distribution regularity of high As-bearing 
coals in the study area (Ding et al. 2001). 
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2.1.5 Generation of red mud by Guizhou Alumina Refinery 
    90.9% bauxite deposits in China are mostly distributed in Shanxi, Guizhou and 
Henan provinces and Guangxi Autonomous Region. The reserve of Guizhou is up to 
17.1% of China (China 2006). Alumina is an important basic raw material for national 
economic development, and the alumina industry has developed rapidly in last decades 
in China. The red mud, the main by-product generated in alumina production, is 
harmful to water, land and air of the surrounding area because of its high alkalinity. 
The dumping bauxite residues on the land or in the ocean are widely applied all over 
the world at present. 
In general 0.6-2.5 tons of bauxite residues is producted for refining 1 ton of 
alumina in China, depending upon the alumina content in bauxite as well as the 
refining technology (Yang 2006; Kalkan 2006). In China, there was over 30 million 
tons of bauxite residues produced in 2008, including more than 10 million tons 
generated from the Bayer process. Furthermore, the total storage of bauxite residues in 
China is over 100 million tons in 2008 (Liu et al. 2009). The Guizhou Alumina 
Refinery has use Bayer-sintering combined process to refine alumina from bauxite 
since 1978. It was found that the red mud produced from the refining process is mainly 
consisted of vishnevite, garnet, titanite, calcite, perovskite, larnite, iron oxides and a 
small amount of amorphous materials (Gu et al. 2012). 
2.2 Samples collection 
2.2.1 Samples collection in Jiaole watershed 
    The field surveys in the Jiaole watershed were conducted twice in 2010 and 2011. 
The samples of river water, paddy soil, sediment, and rice were collected (Figure 2-5). 
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Water samples were collected from tailing area, reservoir and the river, 
respectively. There are two inflow rivers in the upstream of Maoshitou reservoir 
(Figure 2-5). The water quality of the river on the left side was influenced by the coal 
tailings seriously. The spring water and the water from abandoned coal pits flew 
across the tailings and entered into the rivers. The color of the river water became 
yellow brown. The sediment containing iron (oxy)hydroxides could be found on the 
bottom of the river. Because there was only a small amount of tailings, the river on the 
right side was cleaner comparing with that of the left side. The water of the Shitouzhai 
reservoir is under natural condition and is set as the reference in the study. Two 
tributaries flow across the paddy fields from north to south, and join together at L1 
(Figure 2-5). The main river disappears at a sinkhole located about 1 km downstream. 
River water was sampled at 17 points as shown in Figure 2-5. Samples were 
filled into two pre-cleaned high-density polyethylene tubes after being filtered with 
0.45 µm Millipore filter in site, one for analyzing anions and the other for cations. The 
samples for analyzing cations were acidified in site to pH<2.0 by using hydrochloric 
acid of analysis grade. All the water samples were brought back the laboratory and 
stored at 4 
o
C before analysis. Temperature, pH, EC, Eh and DO were measured in 
situ by using portable meters (Multi340i, Germany). Analysis for cations and anions 
was performed by using ICP-OES (Vista MPX, Varian, Palo Alto, CA, USA) and ion 
chromatography (ICS-90, Dionex Corp., USA) in the Guiyang Institute of 
Geochemistry, Chinese Academy of Sciences. 
    In order to study the spatial distribution of soil pH, topsoil samples were taken at 
29 sites (Figure 2-5). Additionally, pits were dug at Site A, B and C to take soil in the 
depths of 0-5, 5-10, 10-15, 15-20, 20-30, 30-50, 50-70 and 70-90 cm. For 
convenience, the layers of 0 to 25 cm and 25 to 90 cm are defined as the topsoil and 
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the subsoil layer in this paper, respectively. About 1 kg of soil was collected into a 
plastic seal bag for each sample. All the samples were freeze-dried, grinded to pass a 
2-mm sieve, and then stored into plastic bags at room temperature. 
    Sediment cores were taken at the bottoms in both reservoirs by using a core 
sampler. The cores were sliced for every 1 cm in thick and put in 50 ml acid-cleaned 
high-density polyethylene centrifuge tubes. Then, the tubes were filled with pure N2 
gas before capping, and stored in a cooled box. In the laboratory, porewater of 
sediment was extracted using centrifuge at 5000 rpm for 20 min, and then the solid 
phase was freeze-dried in a freeze dryer. 
    Rice plants and their root soils were sampled at 14 sites. The rice plant samples 
were washed at laboratory to remove soil, and oven dried at 70 
o
C until a constant 
weight was obtained. Then, the plants were separated into three parts, root, straw, and 
rice grain, and ground in a stainless steel mill. After air-dried for a week at room 
temperature, root soil were passed through 100 meshes, and stored in air-sealed 
polyethylene bags. 
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Figure 2- 5 Map of sampling point in the study area. 
2.2.2 Red mud collection 
Bayer red mud was obtained from the bauxite residue dumping area of Chinalco in 
Guizhou province, about 6 km from the Guizhou Alumina Refinery. The red mud was 
brought to the laboratory and dried at room temperature. It was ground to pass through 
a 100 mesh sieve and stored for component analysis and leaching experiments.   
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Chapter 3 Geochemical behavior of arsenic 
in reducing sulfidic sediments 
3.1 Introduction 
Because arsenic is a toxic metalloid, its release from mining or abandoned 
hazardous sites is a worldwide human health concern (Wang and Morse 1996; Lee et 
al. 2008; García-Sánchez et al. 2010). Geological deposits of arsenic-rich minerals, 
such as some coal, Au, Ag and Zn mines, will release arsenic with the changing of 
oxidation-reduction state (Roussel et al. 2000; Black and Craw 2001; Kwong et al. 
2007). For example, the oxidation of arsenic sulfides such as arseno pyrite will release 
the arsenic in the mineral as the following reaction. 
0 2
2 2 3 3 4 43.5 4 ( ) 2FeAsS O H O Fe OH H AsO H SO
        (3-1) 
The adsorption of arsenic onto the surfaces of freshly formed Fe(OH)3 may be 
responsible for the arsenic removal from the acid mine drainage (AMD) (Fuller et al. 
1993; Pierce and Moore 1982). The remobilization of arsenic from the iron 
oxyhydroxides is mainly controlled by the pH, redox potential, competing anions and 
microbial activities (Masscheleyn et al. 1991; Kim et al. 2002b; Bissen and Frimmel 
2003; Chow and Taillefert 2009). At the bottom of the treatment ponds, reservoirs or 
lakes, the dissolved arsenic in the reducing sedimentary environment may accumulate 
to hazardous levels. Furthermore, the arsenic will become more toxic when it is 
reduced from arsenate to arsenite (Korte and Fernando 1991). There may also be high 
concentration of sulfur beside iron in the sediment. The fate of arsenic in this system 
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may be influenced by the cycling of iron and sulfur (Kirk et al. 2010). 
The partitioning of arsenic between the solid phase and porewater in the 
sediments is controlled by physical and chemical processes such as reductive 
dissolution, re-adsorption, co-precipitation, diffusion, etc. The hydrous ferric oxides 
(HFO) could be reduced by H2S and organic matters. Microbial effect may be 
important in the reductive reaction and the generated arsenite may enhance the 
reaction rate (Poulton 2003). In the iron-rich sediment, the released arsenic could be 
fast re-adsorbed, especially at the sediment water interface (SWI), preventing it from 
entering into the overlying water (Couture et al. 2010). The diagenetic sulfides are 
important sinks for arsenic in sulfidic sediment. The mackinawite and pyrite could 
remove the arsenic by co-precipitation, and meanwhile their generation controlled the 
sulfide concentration at a certain level. Thioarsenite became an arsenic form in the 
porewater (Kirk et al. 2010). Although the pH dependent adsorption was generally 
recognized as a fast process, there was still found that arsenic in porewater could 
diffuse through thick layer (Martin and Pedersen 2002; Senn et al. 2007). All these 
researches have provided useful knowledge for understanding of arsenic mobilization 
in the sediment of polluted reservoirs or lakes. However, most of them are related to 
slightly acidic or neutral water bodies, few researches have been done in the seriously 
acidified situations with the pH of overlying water below 3. It is needed to understand 
the arsenic mobilization in the sediment. 
    The Guizhou province is an important region of gold production, and also has 
abundant coal resources in China. Coal mining has caused serious environmental 
pollution (Tang et al. 2009; Wu et al. 2009). AMD brought arsenic to the surrounding 
rivers and reservoirs from which the water was and is used for irrigation. In this 
Chapter, sediment cores have been taken from one of the polluted reservoir to 1) 
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investigate the chemical characteristics of porewater in the sediment, 2) understand 
the influence of iron and sulfur transformations to the arsenic behavior in sedimentary 
environment, and 3) estimate the effects of surface complexation and diffusion on 
arsenic distribution and migration in sediment. 
3.2 Materials and methods 
The concentrations of arsenic in water and porewater were determined by using 
atomic fluorescence spectrometry (AFS-930, China). The aqueous S(-II) was analyzed 
by the methylene blue method (APHA, 1998). The concentrations of iron, lead and 
arsenic in solid phase of sediment were determined by ICP-OES and AFS after wet 
digestion (USEPA method 3052). The standard samples (GSBZ50013-88) were also 
determined for reference. The mineralogy of the sediment was determined by using 
X-ray diffraction (D/Max-2200, Japan). The diffractometer was operated at 40 
KV/30mA using CuKα radiation with wavelength of 1.54 Å. 
3.3 Results and discussion 
3.3.1 The generation of AMD 
The pH of the water at W1, an abandoned coal pit, was 6.91 with the EC of 954 
μS/cm. The pH of the water in the tailing area ranged from 2.75-2.93, with an average 
of 2.85; while EC varied from 2540-2840 μS/cm with an average 2665 μS/cm. The pH 
value in the study area is within the range of other operating mines, such as 2.0-2.4 for 
Berikul tailings (Bortnikova et al. 2001), 3.3 for Daduk mine (Lee and Chon 2006) 
and 4.2 for Makum coalfield (Equeenuddin et al. 2010). The EC has a negatively 
correlated (r=-0.73, n=4) with pH because elements are dissolved state at low pH 
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condition (Bhattacharya et al. 2006). The concentrations of SO4
2-
, Fe, Mn and Al varied 
from 3849.47-4255.68 mg/L, 113.85-288.67 mg/L, from 6.59-14.mg/L and from 
70.04-110.66 mg/L in the ailing area, respectively. The concentration of major 
dissolved ions for each sampling points are plotted on trilinear diagram (Figure 3-2). 
Among anions, SO4
2-
 is dominant in all the water samples. Among cations, Ca and Mg 
are dominant in the water at W1. As a result, the water type was Ca-Mg-SO4
2-
 in the 
Maoshitou reservoir. When the water was influenced by the coal tailings, the 
concentrations of Fe, Mn and Al increased obviously. The pH is negatively correlated 
with SO4
2-
 which is attributed to the oxidation of sulfides, mainly pyrite(r=-0.75, n=7). 
The strong positive correlation of Fe with SO4
2-
 (r=0.80, n=7) also indicates the 
oxidation of pyrite associated with AMD. The buffering with calcium carbonate may 
control Ca
2+
 and SO4
2-
 concentrations in AMD. Holmstrom et al. (1999) have proposed 
the following integrated reaction, which is consistent with a Ca
2+
/SO4
2-
 molar ratio of 2, 
to describe pyrite oxidation followed by carbonate buffering: 
2 2
2 2 2 3 3 3 43.75 3.5 4 ( ) 4 2 4FeS O H O CaCO Fe OH HCO SO Ca
        
   
(3-2) 
However, the Ca
2+
/SO4
2-
 ratios was less than 1 with a range from 0.11 to 0.96, 
indicating that the equation 3-2 does not explain exactly the process happening in the 
waters, possibly because of the involvement of dolomite in the study area(Wu et al. 
2009). Possible chemical reaction involved dolomite in the study area is described 
below. 
2 2
3 2 32 ( ) 2H CaMg CO Ca Mg HCO
           (3-3) 
The increasing of Ca
2+
 and Mg
2+
 in AMD can be explained by the integrated reactions 
showed by equations 3-2 and 3-3. 
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Figure 3- 1 Map of study area and sampling sites. 
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Table 3-1 Chemical characteristics of surface water in study area. 
Sampling 
Site 
T 
o
C 
pH 
 
EC 
μS/cm 
DO 
mg/L 
K Na Ca Mg Fe Mn Al Cl
-
 SO4
2-
 NO3
-
 HCO3- As 
µg/L mg/L 
W1 18.0 6.91 954 3.89 1.98 7.29 232.43 48.87 2.70 0.88 n 0.79 579.04 6.42 245.07 2.90 
W2 21.3 2.89 2720 2.93 2.37 5.85 292.83 91.80 113.85 14.01 110.66 1.22 4255.68 11.99 n
 
 / 
W3 23.6 2.75 2840 2.85 3.76 6.01 372.80 83.36 288.67 10.52 70.40 0.94 4219.60 35.43 n  / 
W4 22.9 2.93 2540 5.15 4.68 4.26 265.33 31.21 170.71 6.59 101.40 1.27 3849.47 41.74 n / 
W5 23.8 2.84 2560 3.16 4.13 4.59 306.45 46.46 137.76 8.36 84.97 1.50 3887.73 65.89 n / 
W6 24.6 2.73 2160 5.61 3.52 4.58 195.34 26.27 192.52 6.23 0.93 1.40 3273.92 99.05 n 52.78 
W7 21.8 3.24 659 6.09 1.57 4.44 58.20 12.45 3.40 1.68 8.03 0.11 543.80 8.31 n 2.33 
K1 20.8 2.90 1225 1.96 2.27 4.44 76.98 14.60 44.01 2.65 40.79 1.24 1646.51 35.38 n 7.16 
R1 23.1 7.50 212 3.64 1.00 2.51 26.82 2.24 0.06 0.11 0.03 0.36 8.32 0.42 63.01 1.19 
n: undetectable.  /: not determined. 
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(  :Site W1;  :Site W2-W7, K1, R1) 
Figure 3- 2 Trilinear diagram showing the distribution of ions in filtered samples 
from nine sites. 
3.3.2 The geochemical characteristics of reservoirs 
Chemical characteristic of surface water in study area are shown in Table 3-1. 
The Shitouzhai reservoir water was slight alkalinity with pH of 7.50 and EC of 212 
µS/cm. Calcium was the dominant cation ion, and arsenic concentration was only about 
1.19 µg/L (at R1). In comparison, the waters in the basin of the Maoshitou reservoir had 
low pH value and high iron and sulfate concentrations because of the tailings. After the 
water flowed across the tailings from site W1 to W6, its iron and arsenic concentrations 
increased significantly. Furthermore, the increase of DO in the water would help to 
promote the ferrous iron oxidation and precipitation at the reservoir. The other stream 
flowing into the reservoir was also acidified, but had relatively low concentrations of 
iron and arsenic (W7). The streamflow at W6 and W7 were about 6.0 and 4.2 L/s, 
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respectively. It was calculated that the mixing concentrations of iron and arsenic were 
about 114.6 mg/L and 32.0 µg/L, both of which were higher than that of outflow of the 
reservoir (W8). 
3.3.3 Solid phase of sediment 
The sediment was the assemblage of suspended solid, and contained several thin 
sand interlayers in it. The color of sediment core from the Maoshitou reservoir 
gradually changed with depth: yellow-brown from 1 to 7 cm depth, green from 8 to 9 
cm depth, black from 10 to 11 cm depth, gray from 12 to 30 cm depth, and green or 
dark brown from 31 to 40 cm depth. The different colors are related to the mineral 
compositions. Among them, the green color implies that the HFO has been transformed 
to new minerals with the assistance of microbial activity (Fredrickson et al. 1998; 
Ona-Nguema et al. 2002; Zegeye et al. 2007). 
The metal and metalloid were enriched in the Maoshitou reservoir sediment. The 
maximum particulate iron concentration of approximately 400 g/kg was near the SWI. 
The iron concentration decreased sharply in top sediment of about 5 cm thick, kept at 
about 150 g/kg in 6 to 30 cm depth, and decreased to about 110 g/kg in the lower part 
of the sediment (Figure 3-3a). Similarly, the maximum concentration of arsenic was 
about 2600 mg/kg. The arsenic concentration decreased to about 1200 mg/kg at depth 
of 8 cm, varied between 900 and 2700 mg/kg in layer of 10 to 30 cm in depth, and was 
about 920 mg/kg in layer of 30 to 40 cm (Figure 3-3b). Based on the variation of lead 
concentration, the sediment core was roughly divided into three layers: upper, middle 
and lower layers with the average lead concentration of about 150, 270 and 200 mg/kg, 
respectively (Figure 3-3c). They were higher than the concentration of Shitouzhai 
reservoir in which the lead concentration was about 110 mg/kg. 
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Figure 3- 3 Vertical contents of (a) Fe, (b) As and (c) Pb in the solid phase of 
sediment core (Maoshitou reservoir). 
The sediment mineralogical composition was identified by using XRD technique 
(Figure 3-4 and Table 3-2). Amorphous material was predominant, and the weight 
percentage decreased with depth from 80.0% to 54.0%. Three types of crystalline iron 
minerals pyrite, goethite and siderite were detected. Goethite was only found in the 
middle layer, and its weight percentage was about 16.0%. Pyrite was detected in the 
upper and lower layers. The total weight percentages of crystalline iron minerals in 
the three layers were lower than 17.5%. Besides, limestone is detectable and decreases 
with depth in the sediment.  
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Figure 3- 4  X-ray diffraction patterns for the Maoshitou reservoir sediment in depth 
of (a) 1 cm, (b) 11 cm, (c) 21 cm and (d) 31 cm. (As references: 
Goethite (No. 29-0713) and Pyrite (No.42-1340)). 
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Table 3-2 Weight percentage of minerals in sediment based on X-ray diffraction analysis. 
Depth/cm 
Mineral composition (%) 
Amorphous materials Pyrite Goethite Siderite Quartz Limestone Smectite Illite Plagioclase Amphibole Others 
1  80.0 0.6 / 0.5 14.2 0.62 0.8 0.4 0.6 0.2 2.1 
11  72.0 / 
a
 14.9 0.4 6.9 0.25 1.0 1.2 0.6 1.1 1.6 
21  76.0 / 17.1 / 3.0 0.20 0.9 1.2 / / 1.6 
31  54.0 2.8 / 1.2 36.2 / 1.4 1.9 0.5 / 2.0 
a
 undetectable. 
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3.3.4 Porewater of sediment 
    The acidity of porewater was different from that of the reservoir water. The 
average pH value in the porewater was of 5.8, much higher than the reservoir water 
pH value of 2.9 (Figure 3-5a). The EC value of porewater increased with depth from 
3.5 to 6.0 mS/cm (Figure 3-5b). The average concentrations of calcium and 
magnesium were 66.7 and 55.4 mg/L, respectively (Figure 3-5c). Iron and sulfate ions 
were the two main chemical components of the porewater. The concentrations of iron 
and sulfate were 47 times and 4 times higher than that of reservoir water (Figure 3-5d, 
3-5e). The average sulfide concentration in the middle layer was about 260 µg/L, 
higher than that  in the upper and lower layers (Figure 3-5e). The arsenic 
concentration was ranged from 17.8 to 1020.0 µg/L with the average value of 256.9 
µg/L. The highest concentration found at 25 cm depth was 100 times higher than the 
concentration of reservoir water. (Figure 3-5f). 
 
Figure 3- 5 Vertical profiles of (a) pH, (b) EC, (c) Ca
2+
 and Mg
2+
, (d) Fe, (e) SO4
2-
 
and S
2-
, and (f) As in porewater of sediment core (Maoshitou reservoir). 
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3.3.5 pH regulation in sediment 
   The porewater pH was about 6.0, and about 3 pH unit higher comparing with the 
reservoir water. This should be attributed to the neutralization effect of limestone in the 
sediment. Because the limestone has weaker stability and is wide distribution in the 
study area, it can play important buffering role. The limestone increases the porewater 
pH by the following neutralization reaction.  
2 2
3 2 2( ) 2 ( )Ca or Mg CO H Ca or Mg H O CO
           (3-4) 
Based on the calculation with PHREEQC, the equilibrium concentrations of calcium 
and magnesium in porewater should be about 6.12 mmol/L. However, the average 
concentration in porewater was only about 3.98 mmol/L. But it was still higher than 
the reservoir water concentration which was about 2.53 mmol/L. It was also found that 
the calcium concentration in porewater (1.70 mol/L) was lower than in reservoir water 
(1.93 mol/L). The calculated saturation indices (SI) for gypsum is about -0.7, 
indicating that the porewater pH might have been regulated by limestone and its 
calcium concentration was determined by the gypsum solubility. In addition, it was 
found that the pH value of the porewater near to the SWI was about 5.0, lower than the 
porewater pH of the deeper sediment (Figure 3-5a). As reported by Regenspurg et al. 
(2004), the ferric iron hydrolysis and precipitation could control the porewater pH 
between 5 and 6 in the acidic lakes. The reactions occurred at the SWI with the new 
generation of HFO, becaue of the pH regulation in porewater of the sediment. 
3.3.6 Arsenic mobility in the iron and sulfur rich sediment 
pH and redox potential are the most important parameters in controlling arsenic 
mobility. Under the low pH and high Eh condition, arsenate was the stable speciation 
 49 
 
in the basin of Maoshitou reservoir (W6, W7 and K1) (Figure 3-6). The arsenate 
adsorption on HFO was widely accepted to be an important chemical process in 
removing arsenic from AMD (Pierce and Moore 1982; Raven et al. 1998; Smedley and 
Kinniburgh 2002; Stollenwerk 2003; Gault et al. 2005). The mineral analysis results 
showed that the sediment core (C1) in the upper layer had high content of amorphous 
materials and only a small amount of crystalline iron minerals (pyrite and siderite) were 
detected (Table 3-2). This indicated that iron minerals in this layer were mainly in 
amorphous forms, such as HFO. Under the reductive and mild acid conditions, both 
iron and arsenic would be transformed to reductive speciation (Figure 3-6), and 
released into porewater. It was found that the molar ratios of iron to arsenic in solid 
phase and porewater had similar variation characteristics. The ratios decreased with 
depth in the upper layer, and had little variations in the two layers underlain (Figure 
3-7). However, the molar ratio of iron to arsenic in porewater was estimated to be 
19,000 which was much higher than the solid phase value of 145. One reason might be 
that the released arsenic was reabsorbed by the sediment particles where abundant 
adsorption sites are available (Gruebel et al. 1988; Sullivan and Aller 1996). The other 
might be that the release of arsenic was retarded compared to the release of ferrous ion 
during the reductive dissolution of the iron oxides (Pedersen et al. 2006).  
The mineral phase transitions may be one of the influencing factors to the arsenic 
mobility in the iron and sulfur sediment. It was calculated that the porewater was 
supersaturated to pyrite, mackinawite, and greigite (Table 3-3). The dissimilatory iron 
reduction produced additional ferrous ions and promoted the formation of iron sulfide 
minerals in the sediment. As reported by Rickard (1997), the rate of pyrite formation 
could be estimated by using the following equation.  
2 2 ( )/ ( )( )aqdFeS dt k FeS cH S        (3-5) 
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where k is the second order rate constant, 1.03×10
-4
 L/mol/s at 25 
o
C. FeS concentration 
is generally between 1 and 100 µmol/g in dry sediment. The average concentration of 
H2S(Harvey et al.) was about 4.1 µmol/L in the porewater of the sediment, and the bulk 
density of the sediment was about 0.62 g/cm
3
. It is estimated that the amount of pyrite 
generated in 20 years is more than 0.015 g /cm
3 
which accounts for about 2.4 % by 
weight of the sediment. In fact, the weight percentage of pyrite was about 2.8 % in the 
lower layer of the sediment. Moore et al. (1988) determined that arsenic bound to HFO 
was redistributed into sulfide in reservoir sediment on the Clark Fork River, Montana. 
Bostick and Fendorf (2003) reported that arsenite partitioned most strongly on iron 
sulfide when pH ranged from 5 to 6, and a calculated site density was about 3.7 
sites/nm
2 
for pyrite. Lowers et al. (2007) also reported that the dissolved arsenic from 
the ferric oxides is partitioned into pyrite under the reducing conditions in the sediment 
of Bengal Basin. Therefore, the pyrite in the sediment of lower layer should have 
contributed to the low arsenic concentrations in porewater in some degree.  
Arsenic speciation is also a determining factor for arsenic mobility. Speciation 
analysis was done by using the PHREEQC. The results showed that H3AsO3 and 
thioarsenite are the main speciation in porewater. In the upper layer, H3AsO3 is the 
dominant speciation, and thioarsenite only accounts for about 4.0 % by molar ratio. 
While the percentages of thioarsenite in the middle and lower layers are about 11.8 % 
and 10.2 %, respectively (Figure 3-8). Unlike the arsenite anion, H3AsO3 is uncharged 
and should be less absorbed by the slightly positive HFO (pHpzc~8). Wilkin et al. 
(2003) reported that thioarsenite may also enhance the arsenic mobility. But the high 
ferrous ion concentration in the porewater prevented the excessive increase of 
thioarsenite concentration in the sulfate reducing sediment by maintaining low sulfide 
concentration. In addition, calculation result showed that the porewater SI with respect 
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to orpiment was less than -1 in both upper and lower layer, but close to zero in the 
middle layer (Table 3-3). So the precipitation of orpiment is a possible sink for the 
dissolved arsenic in the sediment.  
 
Figure 3- 6 Eh-pH diagram for Fe-H2O system (thick line) and As-H2O system (thin 
line) at 22 
oC and 1 bar. (∑Fe and ∑As are set at 5.0×10-2 and 5.0×10-6 M, 
respectively.) 
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Figure 3- 7 Vertical profile of Fe/As molar ratio in (a) solid phase and (b) porewater 
of sediment core (Maoshitou reservoir). 
Table 3-3 Saturation indices (SI) of arsenic and iron sulfide minerals in 
porewater. 
Layer 
SI 
Orpiment Mackinawite Greigite Pyrite 
Upper layer -3.01 -1.73 -8.53 4.50 
Middle layer -0.26 1.89 5.67 11.45 
Lower layer -1.16 1.73 4.90 11.00 
 
Figure 3- 8 Molar percentage of two main arsenic species in porewater estimated 
by PHREEQ with the database of WATEQ4F. 
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3.3.7 Application of surface complexation model to predict 
arsenic concentration 
Arsenic concentrations in porewater were estimated with surface complexation 
model. The surface complexation model in PHREEQC was used for calculation. It is 
based on the two layer model with no explicit calculation of the diffuse-layer 
composition, and suggested that there are 0.2 mol Hfo_w and 0.005 mol Hfo_s per 
mol iron, a surface area of 600 m
2
 per gram HFO, and a gram-formula weight of 89 g 
HFO per mol Fe (Dzombak and Morel 1990).  
Amorphous HFO was as the adsorbent, and its charge depended on pH and 
composition of the solution. The equilibrium constants used in model were shown in 
Table 3-4.  
Table 3-4 Surface complexation constants for arsenic onto amorphous hydrous ferric 
oxide. 
Hfo_w : weak binding site. 
Hfo_s : strong binding site. 
To calculate the equilibrium concentration of arsenic, the parameters of the 
solution concentration of arsenic (c0, mg/L), the molar amount of Hfo_w (M1, mol/L) 
Adsorption reaction LogK 
Hfo_sOH + H
+
 = Hfo_sOH2
+
 7.29 
Hfo_wOH + H
+
 = Hfo_wOH2
+
 7.29 
Hfo_sOH = Hfo_sO
-
 + H
+
 -8.93 
Hfo_wOH = Hfo_wO
-
 + H
+
 -8.93 
Arsenite  
Hfo_sOH + H3AsO3 = Hfo_sH2AsO3 + H2O 
Hfo_wOH + H3AsO3 = Hfo_wH2AsO3 + H2O 
Arsenate 
Hfo_sOH + H3AsO4 = Hfo_sH2AsO4 + H2O 
Hfo_wOH + H3AsO4 = Hfo_wH2AsO4 + H2O 
Hfo_sOH + H3AsO4 = Hfo_sHAsO4
- 
+ H2O + H
+
 
Hfo_wOH + H3AsO4 = Hfo_wHAsO4
-
 + H2O + H
+
 
Hfo_sOH + H3AsO4 = Hfo_sOHAsO4
-
 
3
 + 3H
+
 
Hfo_wOH + H3AsO4 = Hfo_wOHAsO4
-
 
3
 + 3H
+
 
5.41 
5.41 
 
8.61 
8.61 
2.81 
2.81 
-10.12 
-10.12 
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and Hfo_s (M2, mol/L), and the weight of Hfo (m0, g/L) in unit volume were 
calculated by using the following formulas. 
0 1 2c c c     (3-6) 
1 0.2M        (3-7) 
2 0.005M        (3-8) 
0 89m         (3-9) 
3
33 31 2
10
( ) 10
Fe Goethite Pyrite Siderite
c pp p
M M M M
 

       (3-10) 
where ρ is the dry bulk density of the sediment core ranged from 0.34 to 0.82 g/cm3;
 is the sediment porosity with an average value of 78%; c1 is the arsenic concentration 
in solid phase, μg/g; c2 is the arsenic concentration in porewater, mg/L; c3 is the iron 
concentration in solid phase, mg/g; p1, p2 and p3 are the weight percentage of goethite, 
pyrite and siderite in solid phase, respectively. MFe, MGoethite, MPyrite and MSiderite are the 
molar mass of iron (56 g/mol), goethite (89 g/mol), pyrite (120 g/mol) and siderite (116 
g/mol), respectively.  
The apparent concentrations of arsenic could be got from the calculation. They 
should be divided by porosity to obtain the theoretical porewater arsenic concentration 
(Figure 8). Obviously, the calculated and observed values were well fitted. This 
indicated that the surface complexation of arsenic to HFO played a dominant role in 
controlling the arsenic distribution in porewater. In the upper layer, only a little amount 
of crystalline iron minerals are detected, and the arsenic concentration in porewater is 
below 50 μg/L. Because of goethite in the middle layer, arsenic concentration in 
porewater increases significantly. The highest calculated arsenic concentration is found 
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in depth of 26 cm, and this is basically consistent with the analyazed data (Figure 3-9). 
While the goethite disappeared in the lower layer, and the arsenic concentrations in 
porewater decreased again (Figure 3-9). So high arsenic concentration in the porewater 
should have some links to the goethite in the sediment. It was found that goethite has 
the specific area ranging from 8-200 m
2
/g (Cornell and Schwertmann 2003), and the 
maximum sorption densities for arsenite was only about 0.016 mol As/mol Fe (Dixit 
and Hering 2003). During the oxidation of iron, HFO is firstly formed. But its 
transformation to goethite is common in natural, and can be accelerated by ferrous ion 
(Yee et al. 2006; Yang et al. 2010). It implies that the behavior of arsenic in sediment is 
not only determined by the reduction of iron oxides, but also by the transformation of 
HFO.      
 
Figure 3- 9 Vertical profile of the analyzed and calculated arsenic concentration in 
porewater. 
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3.3.8 Diffusional flux of arsenic and iron 
After arsenic together with iron entered into sediments, it might be released into 
reservoir water through diffusion when iron oxides were dissolved under reductive 
conditions (Sullivan and Aller 1996; Chaillou et al. 2003). The Fick’s first law is 
usually used to calculate the instantaneous fluxes, and is described as follows (Berner 
1980): 
z s
dc
J D
dz
          (3-11) 
where Jz is the diffusional flux (µg/cm
2
/month), dc/dz the concentration gradient 
(µg/L/cm), Ds the bulk molecular diffusion coefficient in area per unit time (cm
2
/s), 
and φ the porosity. Minus indicates that the direction of the flux is opposite with the 
concentration gradient. Ds=D0/θ
2
 where D0 is the molecular diffusion coefficient in 
water and θ is tortuosity. θ2=F φ where F represents the formation factor and equals to 
1.02φ-1.81 (Maerki et al. 2004). 
The diffusion flux of arsenic and iron in the sediment are estimated for every 5 cm 
(Table 5). Three distinctive concentration gradients from 25 cm depth to SWI are 
calculated. The diffusion fluxes decrease from -3.2 to -0.1 µg/cm
2
/month when the 
arsenic diffuses across the sediment from depth of 20 to 1 cm. This implies that most of 
the arsenic is reabsorbed by the sediment and the adsorption can make the increasing of 
arsenic concentration in the sediment as a rate of 0.2 µg/cm
3
 per year. It indicates that 
the diffusion and reabsorption will not cause significant enrichment of arsenic in the 
upper layer of sediment. The downward diffusive flux of arsenic in the sediment 
below 25 cm depth decreased from 0.9 to close to 0.0 µg/cm
2
/month (Table 3-5). The 
arsenic diffusion in the lower layer of sediment might be restrained by the adsorption 
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of HFO and/or the co-precipitation with iron sulfide. Similarly, Sullivan and Aller 
(1996) reported that arsenate in shallow Amazon shelf sediments was reduced during 
burial, released into porewater and removed with increasing depth. The iron diffusion 
in the sediment of Maoshitou reservoir is only in upward direction. The iron diffusion 
flux is thousands times larger than the arsenic, and decreases about a half from middle 
to upper layer (Table 3-5). It indicates that part of the iron precipitates in the upper 
layer, possibly in the form of mixed Fe(II, III) iron hydroxide, generally referred to as 
“green rust” (Génin et al. 2005; Ruby et al. 2006). It is calculated that the increase of 
particle iron is about 0.5 mg/cm
3
 per year in sediment from 1 to 20 cm depth. It helps 
to prevent the dissolved arsenic from releasing to reservoir water. 
Table 3-5 Diffusional flux of arsenic and iron in the sediment based on Fick’s first 
law. 
Depth/cm  
Arsenic  Iron 
dc/dz 
(µg/L/cm) 
Jz* 
(µg/cm
2
/month) 
 
dc/dz 
(µg/L/cm) 
Jz* 
(µg/cm
2
/month) 
1-5 7.2 -0.1  52.8 -636 
6-10 3.8 -0.1  49.0 -591 
11-15 65.8 -1.2  61.3 -738 
16-20 71.3 -1.3  136.9 -1650 
21-25 172.8 -3.2  126.8 -1530 
26-30 -46.9 0.9  205.3 -2470 
31-35 -34.6 0.6  136.3 -1640 
36-40 -1.3 ~ 0.0  20.8 -251 
φ equals to 0.78. D0 equals to 1.11E-5 cm
2
/s for H3AsO3 (Leaist 2007), and equals to 
7.19E-06 cm
2
/s for iron (Li and Gregory 1974). They were corrected to the situ 
temperature (T=294.15K) by using the Stokes-Einstein relation. Minus means the 
direction of concentration gradient and diffusion is toward SWI. 
*
 Diffusional flux 
calculated for 30 day per month. 
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3.4 Conclusions 
Arsenic was removed from the AMD by adsorption to HFO. After long-term 
influence by the AMD, the reservoir sediment contains high concentrations of arsenic, 
iron, and sulfur. The sediment porewater had high concentrations of sulfate, and was 
supersaturated with respect to gypsum. The dissolution of limestone and the ferric 
iron hydrolysis in sediment played important role in regulating the porewater pH to 
about 6.0. Under the mild acidic and reductive conditions, a large amount of the HFO 
and the adsorbed arsenate were reduced, and were transformed to their reductive 
speciations. Because of the re-adsorption and/or the retarded release of arsenic, the 
porewater has high molar ratios of iron to arsenic. With the generation of sulfide, the 
thioarsenite together with H3AsO3 were the two main arsenic speciations in the 
porewater. But the thioarsenite concentration was low because of the restraining by 
the high ferrous iron concentration. The surface complexation of arsenic with HFO 
played the dominant role in controlling the arsenic concentration in porewater. The 
HFO crystallization was probably the main reason of the high arsenic concentration in 
porewater. Although the arsenic concentration in porewater was over 100 times larger 
than that in reservoir water, it is difficult for arsenic to release to reservoir water 
through diffusion because most of the arsenic are trapped by HFO. Furthermore, the 
iron diffusion flux was much higher than arsenic flux in the sediment. When the iron 
diffused from sediment to SWI, it produces new HFO which can help to reduce the 
arsenic releasing to the overlying water. 
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Chapter 4 The Study of Soil Acidification of 
Paddy Field Influenced by Acid Mine 
Drainage 
4.1 Introduction 
Soil is one of the earth’s most fragile resources generated from the weathering of 
parent materials, and its acidification due to acid rain has become a hot issue in the last 
several decades. However, the acid mine drainage (AMD) generated from mining 
activities is also one of serious disasters impacting the soil environment especially in 
developing countries. 
The protons for soil acidification can come from internal and external acid 
sources, such as the natural biological and chemical processes in the soil, fertilization, 
acid deposition, mining activities and etc. The amount of protons generated in natural 
processes is limited, mainly from the dissociation of organic acids, nitrification and 
cation excess uptake by vegetation, and consumed finally through organic matter 
decomposition, exchange reaction and mineral weathering. It was found that acid 
addition rates were 2.5-5.9 kmolc/ha·yr for three Japanese forest pedogenetic soils 
(Fujii et al. 2008). The acid loads for agricultural soil were 1-6 kmolc/ha·yr in the 
1990s (Helyar et al. 1990; Loss et al. 1993; Conyers et al. 1996; Slattery et al. 1998), 
and increased to 4-13 kmolc/ha·yr in recent years (Lesturgez et al. 2006; Noble et al. 
2008; Wang et al. 2010) due to acid deposition. It was reported that the soil pH 
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declined 0.2 to 2 units within 17 to 110 years, associated with the decrease of soil 
cation exchange capacity (CEC), the increase of soil exchange acidity, and the 
aluminium toxicity to plants (Hallbacken and Tamm 1986; Falkengren-Grerup et al. 
1987; Kuylenstierna and Chadwick 1991; Farmer 1995; Adamson et al. 1996; Blake et 
al. 1999). 
The contamination of irrigation water by AMD usually occurs in mining areas, 
where soil acidification induces mineral dissolution or alteration, as well as the releases 
of essential and toxic elements. It was found that the CEC of soil was reduced, partly 
due to the structural modification of smectite (Dubikova et al. 2002). Minerals such as 
dolomite, gibbsite, diaspore, magnesioferrite and hydroxyl apatite, were dissolved from 
the soils, while the new minerals, e.g. Jarosite were formed. In the leaching experiment 
by using simulated AMD, Frempong and Yanful (2006) found that the clay minerals 
were hardly affected by the AMD because of coating of iron minerals on the soil 
particles. In order to analyze the impact of long-term irrigation with AMD-affected 
water on the paddy soil acidification, a typical watershed with high arsenic coal mine 
was chosen. The objectives of this chapter are 1) to determine spatial variations of the 
soil pH of the paddy fields with and without the influence of AMD; 2) to discuss the 
leaching characteristics of basic elements from paddy fields; 3) to explain the 
enrichment and transformation of aluminium in the soil profile; and 4) to assess the 
acidification rate of the watershed by using soil pH buffer curve. 
4.2 Materials and methods 
4.2.1 Water sample 
     River water was sampled at 9 points as shown in Figure 4-1. 
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Figure 4- 1 Map of the study area and sampling points. 
4.2.2 Soil sampling and analysis 
The soil samples used in this chapter were taken from 29 sites and three soil 
profiles as shown in Figure 4-1. The soil pH(H2O) was measured by the pH meter in the 
suspension, the mixture of 10 g soil with 50 ml ultra-pure water. Soil pH(KCl) was also 
measured in the 1 M KCl solution with the same solid-liquid ratio as measuring the soil 
pH(H2O). Calcium carbonate was determined by a rapid titration method using 1 M 
HCl (Rayment and Higginson 1992). The CEC was determined by the ammonium 
acetate method (Rhoades 1982). The bulk elements were determined by ICP-OES after 
wet digestion (USEPA method 3052). The mineralogy of the soils was determined by 
using X-ray diffraction (D/Max-2200). Exchangeable Al forms (Ex-Al) were extracted 
with 1 M KCl solution, and assessment of organically bound Al form (Or-Al) was 
based on Al amounts extracted with 0.05 M Na4P2O7 solution (Drabek et al. 2003). 
Aluminium concentration was determined by ICP-OES. Precision and accuracy of 
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analytical procedures were monitored by re-analyzing 20% of the samples and the 
standard samples (GSBZ50013-88). 
4.2.3 Determination of buffer curve 
The soil used for the buffer experiment was taken from the paddy field without 
affected by AMD in the study area. Its pH(H2O) value is of 7.2. In order to determine 
the buffer curve, forty 100 ml centrifuge tubes were prepared with 10 g sieved paddy 
soil (<2 mm) in each. Then, different amounts of 0.1 N sulfuric acid solutions were 
added into the tubes. The amounts of acid increased 0.2 ml from 0 to 3 ml for the first 16 
samples, and increased 2 ml from 5 to 50 ml for the other 24 samples. Finally, ultrapure 
water was added to adjust the solid-liquid ratio to be 1:5. The tubes were tightened by 
caps and shaken at the room temperature for 7 days, and then the pH values of the 
samples were determined by using combination glass electrode. Parallel experiment 
also had been done to make a cross check. The buffer curve was drawn based on the pH 
values and the amounts of the acid added. 
4.3 Results and discussion 
4.3.1 Chemical characteristics of irrigation water 
Results of chemical characteristics of irrigation water are shown in Table 4-1. The 
water samples from Shitouzhai reservoir (R1 to R4) were classified as 
hydrogeochemical type of Ca-HCO3 with the pH value ranging from 7.5 to 8.5 (Table 
4-1). However, the irrigation water from Maoshitou reservoir (K1 to K3) was strongly 
acidic, with a low pH as 2.9 to 3.2 and high EC values from 0.93 to 2.23 ms/cm. High 
concentrations of sulfate (1000 to 1700 mg/L), iron (10 to 44 mg/L) and other potential 
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toxic metals were detected at K1, K2 and K3, where the water type became Al-SO4. As 
the water flowed from L1 to L2 along the river, the pH value increased slightly from 3.8 
to 4.1 and the Eh value changed from 522 to 443 mV. The acidity of the river water is 
contributed by the protons (A1) and metal ions (A2). It can be estimated by the 
following equation (Kirby and Cravotta 2005): 
50000(10 ) 50{[2( ) 3( )] / 56 2( ) / 55 3( ) / 27}pHcalculatedacidity Fe Fe Mn Al
    Ⅱ Ⅲ
  
(4-1) 
where (Fe
II
), (Fe
III
), (Mn) and (Al) are the concentrations of Fe(II), Fe(III), Mn and Al 
(mg/L). 
It showed that the acidity of the water from Maoshitou reservoir was 373 mg 
CaCO3/L at K1 and decreased along the river (Table 4-1). 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
  
 
6
4 
Table 4-1 Some physical and chemical characteristics of the irrigation waters. 
Sample 
Temp pH EC DO Eh SO4
2-
 HCO3
-
 K
+
 Na
+
 Ca
2+
 Mg
2+
 Fe Mn Al Acidity 
(℃) 
 
(ms/cm) (mg/L) (mv) (mg/L) (mg CaCO3/L) 
R1 23.1 7.50 0.21 3.64 268 8.32 89.03 1.00 2.51 26.82 2.24 0.01 0.11 0.03 / 
R2 25.1 8.50 0.35 10.53 230 31.83 186.48 1.30 2.11 60.23 9.54 0.02 <0.01 0.04 / 
R3 25.1 8.10 0.56 12.37 147 33.16 119.40 5.57 8.45 52.07 25.09 0.47 0.02 0.14 / 
R4 25.4 8.37 0.35 9.71 129 33.25 194.16 1.83 2.48 64.02 10.35 1.56 0.02 0.65 / 
K1 20.8 2.90 2.23 1.96 564 1646.51 / 2.26 4.44 76.98 14.61 44.01 2.65 40.79 373 
K2 25.0 3.19 0.93 5.88 540 1432.18 / 1.53 1.99 58.63 11.93 15.80 2.02 29.82 230 
K3 22.9 3.16 0.95 6.53 538 1027.92 / 1.59 1.95 63.75 12.69 10.59 2.05 29.46 221 
L1 23.3 3.81 0.74 7.63 522 736.92 / 1.57 1.96 62.53 12.19 6.79 1.71 24.59 160 
L2 23.0 4.10 0.62 6.13 443 100.97 / 1.91 2.33 65.04 12.86 0.65 1.58 21.57 128 
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4.3.2 Acidification of paddy fields 
The protons in the AMD can promote the mineral transformation of soil, lead to 
the release of cations and influence the physical, chemical and biological processes in 
the geological media (Frempong and Yanful 2006). These may then cause the 
variations of soil pH, CEC, soil mineral phase, the availability of essential soil 
micronutrients and etc. (Kalinowski and Schweda 1996; Hamer et al. 2003). The 
average pH(H2O) values of soils were about 6.5 in the paddy fields irrigated by the 
water from the Shitouzhai reservoir, but about 4.5 irrigated by the water from the 
Maoshitou reservoir.  
Influenced by the terrain, the water quality and the way of irrigation, the degree of 
acidification of the paddy fields was different from site to site (Figure 4-2). For 
example, the paddy fields near Maoshitou reservoir distributed in a long-narrow area, 
where the soil had been impacted intensively by the acid irrigation water. As a result, 
the soil pH(H2O) was below 4.5 with the lowest value of 3.2 in the paddy fields near 
the Maoshitou reservoir and ranged from 4.5 to 5.5 away from the reservoir. 
According to the pH(H2O) values of topsoil, the paddy fields in study area could be 
roughly divided into zone I (natural zone, pH >5.5), zone II (acidified zone, pH ranging 
from 4.5 to 5.5) and zone III (seriously acidified zone, pH<4.5) (Figure 4-2). The 
average soil CECs in the three zones were about 32.8, 31.1 and 35.9 cmolc/kg, 
respectively. The average contents of carbonate decreased from 19g CaCO3/kg in zone 
I to 16 g CaCO3/kg in zone II and to 6 g CaCO3/kg in zone III. Additionally, the content 
of iron in the soil of zone I was about 58 g/kg which was lower than those of zone II (70 
g/kg) and zone III (98 g/kg). 
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Figure 4- 2 Contour map of the pH(H2O) for the topsoil of paddy fields in the study 
area. 
With the infiltration of irrigation water in the paddy fields, acidification could 
extend to the layer underlain the topsoil. Figure 4-3 showed the vertical distributions 
of soil chemical characteristics at Site A (zone I), Site B (zone II) and Site C (zone III). 
The soil pH(H2O) ranged from 6.12 to 7.23 at Site A, from 5.12 to 5.79 at Site B, and 
from 3.59 to 3.96 at Site C, respectively. The pH(H2O) values of the topsoil were lower 
than those of the subsoil, and the pH(H2O) difference between topsoil and subsoil 
became smaller with the increase acidification of soil layer. Soil pH(KCl) was lower 
than pH(H2O), ranging from 5.25 to 6.55 at Site A, from 4.23 to 5.36 at Site B, and from 
3.35 to 3.73 at Site C, respectively. The average difference between pH(H2O) and 
pH(KCl) was 0.74 at Site A, 0.67 at Site B and 0.26 at Site C, respectively. 
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Figure 4- 3 Vertical distributions of soil pH(H2O) and pH(KCl) at Site A, B and C. 
4.3.3 Change of basic elements with soil acidification 
The leaching loss of basic elements is a feature of soil acidification with the 
leaching sequence of Ca>Mg>K (Salm et al. 1998; Wang et al. 2009). In general, Ca is 
mainly found in calcium carbonate which has high reactivity with proton. Mg and K 
are in clay minerals such as smectite and kaolinite, and other primary minerals like 
feldspar. These minerals have relatively lower reactivity with proton. The contents of 
Ca, Mg and K at Site A were 2.91, 5.14 and 2.37 g/kg in topsoil layer and were 3.80, 
5.65 and 2.86 g/kg in subsoil layer, respectively. Taking them as the background 
concentrations, the losing ratios of Ca, Mg and K at Site B are estimated as 20.6%, 
-3.3%, -26.6% in the topsoil, and 32.9%, 59.6%, 8.4% in the subsoil, respectively. The 
losing ratios of the three elements at Site C reach to about 88.3%, 43.2%, 11.0% in the 
topsoil, and 60.8%, 90.6%, 32.9% in the subsoil, respectively. Carbonate plays 
important buffering role in the acidification process as Eq. 4-2. 
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2
3 2 22CaCO H Ca H O CO
         (4-2) 
The average carbonate content of the soil profile was about 16.5 g CaCO3/kg at 
Site A. It decreased to about 7.8 g CaCO3/kg at Site B and about 1.1 g CaCO3/kg at Site 
C. As a result, decomposition of carbonate causes the leaching loss of calcium. The 
kaolinite content at Site A was 3.5%, and it decreased from about 1.5% at Site B to 
about 1.1% at Site C. The decomposition of kaolinite might have happened during soil 
acidification, resulting in the leaching loss of basic elements from the soils as well. 
Although it is known that the acidification of topsoil is more serious than that of the 
subsoil, the loss ratio of Mg in the topsoil is lower than that in the subsoil at both Site B 
and C, probably due to some unknown factors in the acidification process. 
The iron oxides are common as coatings on surface of soil particles and this may 
prevent the decomposition of soil minerals (Bohn et al. 2001). Figure 4-4 showed that 
the iron contents in the topsoil and subsoil at the Site A were 68.1 and 73.6 g/kg, 
respectively. The iron content at both site B and C were higher in topsoil and lower in 
the subsoil than that in the Site A. Goethite, hematite and jarosite are three kinds of 
major iron minerals in the environment. Jarosite may be generated under the condition 
of low pH (2.6-3.3) and a high concentration of sulfate ([SO4]>3000 mg/L) (Dubikova 
et al. 2002; Frempong and Yanful 2006; Martin et al. 2007).Goethite can be formed in 
the environment with pH<6, [SO4]<1000 mg/L (Bigham et al. 1992; Schwertmann et 
al. 1995). It is found that the pH of the irrigation water from the Maoshitou reservoir 
ranging from 2.90 to 4.10, with the average content of sulfate lower than 1100 mg/L 
(Table 4-1). Accordingly, the saturation indices (SI) of relevant minerals were 
calculated with the aid of the computer codes PHREEQC (version 2.1.5.0). SI values 
range from 2.34 to 3.92 for goethite, from 6.68 to 9.84 for hematite, and from -2.17 to 
-9.35 for jarosite, respectively (Table 4-2). The positive SI values suggested that iron 
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enriched in topsoil layer is probably in the forms of goethite and/or hematite. 
Furthermore, the surface of paddy soil irrigated by low pH water from the Maoshitou 
reservoir is in color of yellow ochre, which also suggests the relative abundance of 
goethite (Swayze et al. 2000; Williams et al. 2002). Therefore, the generated goethite 
and/or hematite in topsoil layer may have played the role of protecting Mg from further 
being leached by acid irrigation water. 
 
Figure 4- 4 Vertical distributions of iron contents at Site A, B and C. 
Table 4-2 Mineral saturation indices (SI) of the river water affected by AMD. 
Site 
Saturation indices (SI) 
Goethite Hematite Jarosite 
K1 2.51 7.01 -3.50 
K2 3.69 9.39 -2.17 
K3 2.34 6.68 -5.29 
L1 3.92 9.84 -2.75 
L2 2.59 7.18 -9.35 
 
4.3.4 Release and enrichment of aluminium in soil 
During the leaching of basic elements, the aluminium in the soil is also activated, 
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i.e. when neutralizing ability related to basic elements is low, aluminium buffering 
begins to work. The buffer mediums are mainly from the weathering products of clay 
minerals, with buffering reaction given as: 
3
23 2AlOOH H Al H O
        (4-3) 
Based on X-ray diffraction technology (XRD), kaolinite and smectite are found as two 
main clay minerals in the soils of study area. Gibbsite was found in both topsoil and 
subsoil layers at Site C with contents of 0.94% and 0.57%, respectively, but it was 
found only in the topsoil layer at Site B with content of 0.90%. Because of 
acidification, the content of quartz increased from about 34.67% at Site A to 42.56% 
at Site C because of the loss of clay minerals and carbonate from the soil. 
It is known that CEC is mainly controlled by clay minerals and organic matter of 
the soil. CEC values in the topsoil layer were similar for three sites with the peak 
values occurring at the depth of 10-20 cm (Figure 4-5). However, the CEC values of 
the subsoil were different, with the average values of 40.1, 33.1 and 32.3 cmolc/kg for 
site A, B and C respectively (Figure 4-5). It suggests that the clay minerals in the 
subsoil were probably weathered at a low pH condition. The saturation index of 
kaolinate in the low pH irrigation water is estimated to be -2.90, provoking its 
decomposition with sufficient protons given as Eq. 4-4. 
OHSiOHAlHOHOSiAl 244
3
4522 226)( 

    (4-4) 
Gibbsite, as a kind of hydroxide, has a high dissolution rate in acid water, and can 
control the concentration of aluminium in the soil solution. Therefore, there existed a 
close relationship between the dissolution of gibbsite equilibrium and the aluminium 
activity (Reuss et al. 1990). Whatever the aluminium stayed in the soil solution or was 
leached into the aquatic system, it would be hazardous to ecosystems. The contents of 
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total Al of topsoil and subsoil at Site B were about 1.1 and 2.5 g/kg, less than those at 
site A. For Site C, the content of total Al increased about 8.5 g/kg in the top soil, but 
decreased about 40.6 g/kg in the subsoil (Table 4-3) compared to that at site A. The 
increase of aluminium in topsoil derives from irrigation water, and the leaching loss of 
aluminum from the subsoil at Site C may attribute to the decomposition of 
aluminosilicate under low pH condition (Kauppi et al. 1986). 
 
Figure 4- 5 Vertical distributions of soil CEC at Site A, B and C. 
 
 
 
  
 
7
2 
Table 4-3 Variations of aluminium species in topsoil and subsoil at Site A, B and C. 
Depth/cm  
Site A  Site B  Site C 
Ex-Al Or-Al Total Al  Ex-Al Or-Al Total Al  Ex-Al Or-Al Total Al 
(g/kg)  (g/kg)  (g/kg) 
0-25 n.d. 1.67 57.19  n.d. 2.59 56.05  0.37 8.77 65.73 
25-90 n.d. 2.39 59.79  n.d. 3.27 57.25  0.41 8.25 19.20 
Ex-Al: Exchangeable form of aluminum.  Or-Al: Organism form of aluminum.  n.d.: Not detectable. 
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The soil can restrict the toxicity of aluminium to crops and slow down the loss of 
aluminium through transforming its forms. For example, the organic matter in soil can 
react with aluminium to generate an organic form of aluminium (Or-Al), and the soil 
particles can adsorb aluminium as exchangeable form aluminium (Ex-Al) (Boruvka et 
al. 2005). The aluminium mobilization in the soil systems becomes complex during 
the acidification processes. It is estimated that the saturation indices of alunite for the 
waters (from K1 to L2) increase from -3.40 to 3.65. Part of the aluminium is enriched 
in the topsoil layer as alunite at Site C, and incongruent dissolution of alunite may 
produce gibbsite at a low rate as Eq. 4-5. 
2
3 4 2 6 2 3 4( ) ( ) 3 3 ( ) 2 3KAl SO OH H O K Al OH SO H
           (4-5) 
The aluminium in soil as the form of Or-Al increased from 2.59 g/kg (topsoil) to 3.27 
g/kg (subsoil) at Site B, which were higher than those at Site A. Because the Ex-Al 
were undetectable at both Site A and B, the aluminium ions might preferentially be 
combined with organic matter. At Site C, the contents of Or-Al of topsoil and subsoil 
reached 8.77and 8.25 g/kg, respectively. Additionally, Ex-Al also occurred in the soil 
with an average content of 0.39 g/kg. Compared to Site A, the increase of Or-Al 
accounted for about 83.1% of the total aluminium increasing in the topsoil. It further 
demonstrates that organic materials in the paddy fields are an important pool to absorb 
aluminium. Because the absorption capacity of soil to aluminium is about 8.3g/kg, the 
excessive aluminium was leached out of the watershed (Table 4-3). 
4.3.5 Estimation of acidification rate 
    The buffer capacity of the paddy field is controlled by soil components and 
properties, e.g. the soil pH, organic matter, CEC, base saturation, the content of CaCO3, 
 74 
 
and the soil texture (Singh et al. 2003; Nelson and Su 2010). The soil buffer capacity is 
usually estimated by the pH buffer curve, defined as the relationship between change of 
soil pH and the amounts of acid used.  
Figure 4-6 showed that the buffer capacity of the paddy soil is linear when the soil pH 
is above 5.0. Accordingly, it can be roughly divided into two stages, 5.0<pH(H2O)<7.2 
and 2.2<pH(H2O)<5.0. The carbonate and clay minerals play buffering roles in the 
former stage, where the pH buffer capacity (pHBC) is only about 2.78 cmolc/kg·pH. 
The decomposition of aluminosilicates plays the main role in the later stage. The soil 
pH(H2O) can keep above 2.2 even if about 50 cmol protons are added into one kilogram 
soil. 
 
Figure 4- 6 pH buffer curve of the paddy soil. 
We resort to the sigmoid function (Eq. 4-6) as following to approximate the shape 
of buffer curve. 
m
n
pHpH ]
)αA(1
1
[max

     (4-6) 
where pHmax is 7.2, the initial soil pH(H2O) of the buffer curve. A (cmolc/kg) is the 
amount of acid added. α, m and n are parameters to define the shape of the curve. Those 
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values for the paddy soil in the study area were estimated as 0.37, 0.22 and 1.74, 
respectively by using the least square method. The regression coefficient is above 0.99. 
The amount of acid (ΔA) needed to decrease soil pH(H2O) from pH(current) to pH(critical) 
of per kilogram soil can be calculated as Eq.4-7: 
-1
(critical) (current)ΔA(cmol.kg ) A A      (4-7) 
where A(current) and A(critical) are the amounts of acid added to let soil pH(H2O) change 
from initial pH to current pH(current) and to critical pH(critical), respectively. For one 
hectare of paddy fields, the amount of acid needed ΔA' (kmolc/ha) can be calculated by 
Eq. 4-8:  
BD)/100000×V×ΔA (ΔA'     (4-8) 
where V is the volume of soil concerned (m
3
/ha). BD is the bulk density of soil 
(kg/m
3
). In the study area, it is 1047 kg/m
3
 in topsoil layer and 1219 kg/m
3
 in subsoil 
layer, respectively. As a result, the time (T) needed for the soil to degrade from 
pH(current) to pH(critical) can be estimated by Eq. 4-9. 
( ) ΔA' / PLT years      (4-9) 
where PL is the yearly proton load per hectare (kmolc/ha·yr) and can be estimated as 
the product of the volume of irrigation water (9.0×10
3
 m
3
/ha·yr) and its acidity. 
As the definition of the acidity of irrigation water, the PL is divided into two parts, 
one is the protons in the irrigation water (PL1) and the other is generated from the 
hydrolysis of iron and aluminium in the field (PL2) (Table 4-4). It was found that the 
PL2 decreased along the river, and contributed more than 80% of the total PL in the 
study area. In fact, the irrigation waters for zone II and zone III are from K3 and K1, 
respectively. It is calculated that the paddy soil can accumulate only about 2.3 g iron 
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and 2.1 g aluminium per kilogram in topsoil at Site C, assuming 15 years of irrigation 
with water from K1. The actual enrichment amounts of iron and aluminium as given 
within the parentheses (Table 4-4) are much higher than the calculated values, 
indicating the concentrations of iron and aluminium for river water at K1 and K3 in 
the past should be much higher than that at present. To calculate annual average 
consumption of acid in the soils at Site B and C, the pH(H2O) of the soil at Site A is 
used as initial values, i.e. 6.3 for topsoil and 7.2 for subsoil. The average values of 
pH(H2O) at the Site B and C are about 5.2 and 3.8 for topsoil, 5.7 and 3.9 for subsoil, 
respectively. It is calculated that the average consumptions of protons at Site B and C 
are 5.26 and 19.99 kmolc/ha·yr in the topsoil, and 20.59 and 68.28 kmolc/ha·yr in the 
subsoils, respectively. Compared with the PL values in Table 4-4, it matches well with 
the required amount of acid for Site B, rather than Site C, indicating that the acidity of 
the irrigation water at K1 in the past must be much higher than that in the sampling 
period of this study. Accordingly, it is calculated that the amount of acid consumption 
in topsoil layer account for about 13% of the PL at Site B. By using the equations of 6 
to 9, the curves of soil acidification rate can be drawn based on different PLs (Figure 
4-7). The average pH(H2O) at topsoil is 4.8 in zone II where the irrigation water is 
drawn mainly from the reach between point K2 and K3. It can be identified from 
Figure 4-7 that it will take about 50 years for the soil pH(H2O) of the paddy field in 
zone II to decrease to 3.5 below which the growth of crops is believed to be damaged 
seriously in south China (Wang et al. 1994). Therefore, it is necessary to take 
measures for improving the irrigation water quality to avoid further acidifying 
pollution in the watershed. 
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Table 4-4 Proton Load (PL) of the irrigation water from different pumping points, and 
the possible enrichment amounts of iron (EAFe) and aluminium (EAAl) in 
topsoil*. 
Water sampling 
site 
PL1 PL2 PL PL2/PL EAFe EAAl 
kmolc/ha·yr % g/kg 
K1 11.33 55.81 67.14 83.1 2.27 (18.81) 2.10 (8.54) 
K2 5.81 35.59 41.40 86.0 0.81 1.54 
K3 6.23 33.55 39.78 84.3 0.55 (6.70) 1.52 (-1.14) 
L1 1.39 27.41 28.80 95.2 0.35 1.27 
L2 0.71 22.33 23.04 96.9 0.03 1.11 
PL1 and PL2 represent the proton loads contributed by the protons in the irrigation 
water and the hydrolysis of iron and aluminium, respectively. The values in the 
brackets represent the actual enrichment amount of iron or aluminium at Site B and C 
where the irrigation waters were from K3 and K1, respectively. 
 
 
Figure 4- 7 The variation of soil pH(H2O) from initial value of 7.2 by using the 
irrigation water from different points (K2, K3, L1 and L2) for certain 
years (T). 
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4.4 Conclusion 
Paddy field of ferralic cambiso is common in the karst area of southwest China, 
where soil acidification has become very serious in the scale of watershed 
contaminated by AMD. Because of the irrigation water with pH below 3.2, and total 
concentration of iron and aluminium above 40 mg/L in the study area, the soil 
pH(H2O) has decreased to below 5.5 even to 3.2 from topsoil to subsoil layer in past 15 
years. More than 90% of calcium in the topsoil has leached out from zone III. The acid 
irrigation water increased the iron content more than 6 g/kg in the topsoil where the 
enriched iron as goethite and/or hematite limited the leaching loss of Mg from the soil. 
As a result, the losing ratio of Mg from topsoil was obviously lower than that of subsoil. 
The migration ability of aluminium was also enhanced under low pH condition with 
the weathering of kaolinite and gibbsite. The loss of aluminium became very serious 
especially when the soil pH(H2O) deceased below 5.0. At the same time, aluminium 
from the irrigation water also enriched in the topsoil layer and 83.1% of them were 
absorbed by organic matter. The pH buffer curve of the soil was successfully derived 
based on the buffer experiment. An empirical formula has been developed to fit the 
soil pH buffer curve with a shape of sigmoid. The pH buffer capacity of paddy soils in 
the study area is expected only about 2.78 cmolc/kg·pH when soil pH(H2O) is above 
5.0. The generation of protons through the hydrolysis of iron and aluminium ions 
should be considered as one of the main proton contributors in the watershed. 
Therefore, the pH of the paddy fields in Zone II will decrease to about 3.5 in 50 years 
if the water quality is not to be improved. 
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Chapter 5 Study of heavy metal pollution in   
the paddy field and releasing characteristic 
of arsenic 
5.1 Introduction 
Mine tailings enriched in arsenic and heavy metals have been considered as 
potential concentration sources (Wang and Mulligan 2006). It was estimated that about 
10% of the total arsenic added to soils originates from mine tailings (Nriagu and 
Pacyna 1988). It has been estimated that the mobility and toxicity of arsenic are 
dependent on the chemical form and oxidation state in which it exists (Wang and 
Morse 1996; Wang and Mulligan 2006). Inorganic arsenic species generally are more 
toxic and mobile than organoarsenic species, while arsenite is considered to be more 
toxic and mobile than arsenate. A relatively simple and well-adopted method to assess 
trace element pools in soils is the sequential extraction with reagents of increasing 
dissolution strength. The modified methods for analyzing phosphorus (Chang and 
Jackson 1957) have been adopted for As (Woolson et al. 1971). Wenzel et al. (2001) 
also developed a sequential extraction for As by choosing reagents. 
Arsenic mobility in the environment is dependent on its interactions with heavy 
metal oxides. The binding of arsenic to different solid phase metal oxides via the 
formation of thermodynamically stable inner-sphere complexes is well documented in 
literature (Fendorf et al. 1997; Manning and Martens 1997; Manning et al. 1998; 
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Raven et al. 1998). Among the arsenic species, As(V) binds more strongly with the 
metal oxides of Fe and Mn, as compared to the As(III) species. Adsorption affinity for 
As(V) is higher at low pH, but lower at high pH than that of As(III) (Masscheleyn et al. 
1991; Yang et al. 2002). With decreasing of pH, arsenic mobility tends to increase 
because of mineral dissolution, proton competition for surface binding sites, and the 
increase of surface potential. On the other hand, an increase in pH can result in 
desorption of arsenic due to the lower stability of metal oxide arsenic complexes 
(Pierce and Moore 1982; Masscheleyn et al. 1991; Raven et al. 1998). Arsenic is 
mainly bound to iron oxyhydroxides in the soil (Inskeep et al. 2002). The reductive 
dissolution of iron oxyhydroxides causes the arsenic mobile as arsenite in the soil pore 
water (Khan et al. 2010). The organic matter in soil can either enhance or reduce arsenic 
mobility with the mechanisms of competition for available adsorption sites, complex 
formation in aqueous, and/or reduction potential changes (Wang and Mulligan 2006).  
Several environmental studies have shown that certain geomicrobiological processes 
may have a preponderant role in controlling the oxidation state and mobility of As. 
Microbial arsenic desorption appears to be enhanced most appreciably by a transition 
from aerobic to anaerobic conditions. Bacterial species that couple the anaerobic 
oxidation of organic substrates to the reduction of arsenates have been reported by 
various researches and are known as dissimilatory arsenate reducing bacteria. 
Anaerobic bacteria containing the arsenate respiratory reductase gene arrA can use 
As(V) as a terminal electron acceptor in respiration (Perez-Jimenez et al. 2005; 
Saltikov and Newman 2003). These are microorganisms that use As(V) as a terminal 
electron acceptor in their respiratory process, such as Geospirillum arsenophilus, 
Geospirillum Barnesi, Desulfutomaculum auripigmentum, Bacillus arsenicoselenatis 
and Crysiogenes arsenatis (Laverman et al. 1995; Dowdle et al. 1996; Stolz and 
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Oremland 1999; Macy et al. 2000; Oremland et al. 2000; Oremland and Stolz 2005; 
Oremland and Stolz 2005; Oremland et al. 2009). Application of leaching or incubation 
experiment may help to understand the influence of soil property to arsenic behavior in 
a paddy field. The objectives of this chapter are to study 1) the chemical characteristics 
of the paddy fields influenced by AMD; and 2) he releasing characteristic of As from 
the paddy soil under reduce condition with incubation experiments. 
5.2 Material and methods 
5.2.1 Sample collection 
29 surface soil samples were collected from the paddy fields. Three cores (A, B 
and C) of soil sample were taken by using hand-auger. Four surface soil samples were 
also collected for incubation experiment (CI, CII-1, CII-2 and CIII) (Figure 5-1). The 
pretreatment method of soil samples were described in 2.2.1. They were digested using 
HF, HCl and HNO3 for As, Fe, Mn, and Pb analysis. The solutions were quantitatively 
transferred to 50ml volumetric flask and diluted to volume with ultrapure water. 
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Figure 5- 1 Map of study area and sampling points. 
5.2.2 Sequential extractions 
Sequential extraction procedure (USEPA) can give useful information about the 
defined phase associations and potential mobility of As in the soil. The SEP developed 
by Wenzel et al. (2001) was used to understand the As fractions in paddy soils (CI, 
CII-1, CII-2 and CIII). Five reagents were selected in the method to extract five As 
fractions as shown in Table 5-1. The soil to extractant ratio was modified to 1/100 (0.25 
g soils + 25 ml extractants in 50 ml centrifugation tubes) to ensure that each extractant 
did not become exhausted (Keon et al. 2001). The tubes were shaken for two hours. 
Then the mixtures were centrifuged at 3000 rpm for 10 min, and the supernatant 
solutions were filtered through 0.45 µm Millipore filter into sample vials. The collected 
samples were stored in freezer under 4 
o
C before analysis. All extractions were 
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performed in triplicate. The recovery of the whole extraction procedure was estimated 
by comparing the sum of the five fractions with a single digestion by strong acids (HCl 
+ HNO3 + HF). The recovery for all samples was above 80 %. 
Table 5-1 Sequential extraction procedure for As. 
Fraction Extractant Extraction 
conditions 
Wash step Fraction extracted 
As-F1 0.05 M 
(NH4)2SO4 
4 h shaking, 
20 
o
C 
 non-specifically 
sorbed As 
As-F2 0.05 M 
(NH4)H2PO4 
16 h shaking, 
20 
o
C 
 specifically sorbed 
As 
As-F3 0.2M 
NH4-oxalate 
buffer, pH 3.25 
4 h shaking in 
dark, 20 
o
C 
0.2M 
NH4-oxalate, pH 
3.25, 10 min 
shaking 
in the dark 
As associated with 
amorphous hydrous 
oxides 
of Fe and Al 
As-F4 0.2 M 
NH4-oxalate 
buffer +  
0.1 M ascorbic 
acid, pH 3.25 
0.5h in a 
water basin at     
96± 3 
o
C 
0.2M 
NH4-oxalate, pH 
3.25, 10 min 
shaking in the 
dark  
As associated with 
crystalline Fe and 
Al oxyhydroxides 
As-F5 HCl + HNO3 microwave 
digestion 
 residual As 
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5.2.3 Incubation experiment 
Reducing conditions are prevail in the flood period of the paddy field, and the 
redox potential can decrease below 100 mv in general. The As in polluted soils might 
release with the effect of soil pH and redox potential (Pierce and Moore 1982). In order 
to study the releasing characteristics of As from the paddy soils, an incubation 
experiment was conducted by using the apparatus as shown in Figure 5-2. This system 
makes a reduce condition by filling ultrapure nitrogen of the flask. In the absence of 
oxygen, biological and chemical processes can also decrease the redox potential. Thirty 
grams dry weight of the soil was added to 150 ml ultrapure water at a soil to water ratio 
of 1:5. During the experiment, 3ml soil solutions was taken and filtered into sample 
vials for each sampling time. The pH and Eh of the suspension was measured in 
triplicae by using pH/ORP electrode (Horiba, Japan).  
 
Figure 5- 2 Schematic apparatus for incubation experiment. 
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5.2.4 Analytical methods 
All reagents were of analytical grade or better. Milli-Q water (Yamato 
Millipore-filter, WT 101 UV) was used throughout. The soil pH(H2O) was measured by 
the pH meter (Horiba, Japan) in the suspension, the mixture of 10 g soil with 50 ml 
water. Analysis for cations and anions of water samples was performed by using ion 
chromatography (ICS-90, Dionex Corp., USA). Metal concentrations were analyzed 
using ICP-AES. The analysis for total arsenic was carried out using HG-AAS 
(Shimadzu, Japan). Atomization was performed in an air-acetylene flame. The arsenic 
determinations by this system have a detection limit of 0.1 μg/L. The stock solution of 
arsenic with concentration of 1000 mg/L (Wako, Japan) was used for the standard 
solution preparation. Arsenic concentrations were calculated by using linear equations 
(r
2
 ≥ 0.99) obtained from the external calibration curves. Internal As standards were run 
every 30 samples. The results were within 5 % of the certified values. The soil organic 
matter (OM) content in soil was determined by using the potassium dichromate heating 
method (Yeomans and Bremner 1988). The available P in soil was estimated by the 
method of Bray 1 (Bray and Kurtz 1945). 
5.3 Results and discussion 
5.3.1 Irrigation water 
The waters of R-1, R-2 and R-3 were used for irrigation, and their properties were 
summarized in Table 5-2. The water of the Shitouzhai reservoir (R1) was not subjected 
to the impact of acid mine drainage with a type of Ca-HCO3. It satisfies the irrigation 
water quality standards of China (GB 5084-2005). However, the irrigation water from 
the Maoshitou reservoir (R2) is affected by acid mine drainage seriously. Compared 
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with R-1, it had a stronger acidity and higher Fe content. The As content of the water in 
the Maoshitou reservoir was about 10 μg/L, below the WHO irrigation water guideline 
of 20 μg/L. It was still higher than R-1, although the coal mines had been closed since 
2004. The water pH was about 4.0 at R-3. Much iron had precipitated on the streambed, 
and the sediment was in yellow brown. 
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Table 5-2 Some physical and chemical properties of the irrigation waters in the study area. 
Irrigation Temp pH EC DO Eh Na
+
 K
+
 Ca
2+
 Mg
2+
 Cl
-
 NO3
-
 SO4
2-
 HCO3
-
 Fe Al Mn As 
river (
o
C)  (dS/m) (mg/L) (mv) (mg/L) (μg/L) 
R-1 24.5 8.0 0.4 8.6 181.3 4.5 2.8 47.6 12.6 6.8 8.6 58.2 134.2 0.7 0.3 0.1 6.4 
R-2 21.9 3.1 1.6 4.2 551.0 3.2 1.9 70.4 13.7 1.1 23.7 1337.2 / 27.3 35.1 2.4 10.3 
R-3 23.2 4.0 0.7 6.9 482.5 2.1 1.7 63.8 12.5 0.6 5.8 418.9 / 3.7 23.1 1.6 8.4 
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5.3.2 Chemical characteristics of paddy soil 
As the results shown in Table 5-3, the coefficients of variation (C.V.) for all the 
chemical properties were above 15%, indicating a considerable variability in the paddy 
field. Soil pH varied over a wide range from 3.50 to 7.00 with an average value of 5.09. 
The soils from site 1 to site 4 (near to the Shitouzhai reservoir) had higher pH than the 
soils from site 10 to site 13 (near to the Maoshitou reservoir). The Fe concentration 
ranged from 41.54 to 92.54 g/kg, and it was above 80 g/kg at site 10 and site 11. The 
maximum Mn concentration was 1.58 g/kg, and the Mn concentrations were below 0.2 
g/kg in some acidified soils. The organic matter concentration (OM) ranged from 12.70 
to 71.01 g/kg with an average value of 52.96 g/kg. The concentration of available P 
ranged from 3.80 to 8.89 mg/kg, and there was a relatively higher concentration from 
site 1 to site 8. The lead concentration ranged from 15.65 to 47.95 mg/kg with an 
average value of 30.36 mg/kg which was lower than the farmland standard (250 mg/kg, 
pH<6.5) advised by the Ministry of Environmental Protection of China (GB 
15618-1995). Comparatively, the arsenic concentration in the paddy soil ranged from 
29.05 to 144.30 mg/kg with an average value of about 89.72 mg/kg which was much 
higher than the limits for paddy field (30 mg/kg, pH<6.5) (GB 15618-1995). The 
arsenic concentration of most of the soil samples were in the range of 60 to 120 mg/kg 
(Figure 5-3). The highest value was found at site 10. The high arsenic concentration in 
soil is probably related to the Au mineralization. The fluid with Au and As flowed out 
from the deep strata and induced the parent rocks of the soil to have high arsenic 
concentration. Kwon et al. (2012) surveyed the arsenic concentration in agricultural 
soils surrounding 343 abandoned mines in Korea, and found that the soil around Au and 
Ag mines with sulfide mineralization had relatively high arsenic concentration. The 
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formation of Au deposit is related to hydrothermal mineralization in Southwest 
Guizhou (He and Wu 1997). It was reported that the coal near the gold deposit had an 
arsenic concentration above 1160 ppm and the main arsenic bearing minerals in the coal 
were As-rich pyrite and arsenopyrite (Ding et al. 2001). During the mining process, the 
oxidation of the arsenic containing sulfide minerals had polluted the irrigation water 
and further increased the soil arsenic concentration. 
Table 5-3 Chemical properties of the soil samples. 
Site pH 
Fe Mn OM  Pb Total As Available P 
g/kg   mg/kg 
1 6.3 72.37 1.31 52.78  21.80 35.00 5.42 
2 6.1 85.89 0.43 49.12  24.97 29.05 4.71 
3 7.0 50.21 1.58 40.23  40.93 62.78 4.90 
4 6.4 66.34 1.15 48.34  20.98 62.60 3.99 
5 4.6 66.51 0.18 67.05  29.29 131.12 8.89 
6 5.3 71.50 0.81 50.86  30.29 64.20 4.75 
7 6.0 70.29 0.78 52.24  38.66 87.24 5.25 
8 6.1 51.55 0.25 40.20  33.63 78.38 4.71 
9 5.9 50.07 0.25 56.70  27.34 74.33 3.25 
10 4.4 89.79 1.13 46.19  16.65 144.30 1.09 
11 4.4 82.90 0.50 50.37  / 117.72 4.42 
12 4.3 69.10 0.20 52.61  21.32 114.36 2.90 
13 3.5 86.00 0.24 51.01  / 128.49 2.57 
14 5.9 45.68 0.34 53.46  34.97 103.39 3.09 
15 4.5 68.89 0.13 58.08  30.29 114.82 3.19 
16 4.6 50.92 0.12 68.90  39.96 65.59 3.61 
17 3.7 92.54 0.32 51.92  47.95 102.98 2.90 
18 5.4 49.25 0.30 64.96  24.33 118.19 5.04 
19 4.8 41.54 0.10 69.18  32.01 92.90 4.33 
20 5.3 58.24 0.92 47.37  34.28 98.77 2.90 
21 4.5 68.19 0.10 65.14  39.67 81.47 2.85 
22 4.6 68.12 0.19 71.01  33.98 83.73 4.76 
23 4.6 64.56 0.25 65.14  42.00 88.28 4.33 
24 4.7 74.35 0.10 45.00  36.98 62.08 5.76 
25 5.2 75.19 0.23 44.16  18.69 91.31 4.07 
26 4.5 53.15 0.27 12.70  / 89.91 4.14 
27 4.5 74.91 0.26 58.57  29.31 114.41 3.80 
28 5.0 79.45 0.30 49.74  15.65 73.78 5.04 
29 5.6 74.91 0.43 52.82  23.30 90.75 4.33 
Mean 5.09 67.32 0.45 52.96  30.36 89.72 4.17 
C.V. 16.7 20.6 88.9 21.9  28.1 30.5 33.0 
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Figure 5- 3 The frequency distribution of As concentration in top soil. 
5.3.3 Chemical characteristics of the soil profile 
As the results of chemical analysis of the three soil profiles (A, B and C) shown in 
Figure 5-4, the soils of deeper layer had also been influenced by the acid irrigation 
water. Compared with profile A, the average pH values of profile B and C decreased 
about 1.8 and 3.9 unit, respectively. The carbonate in the soil had played buffering role, 
and was lost significantly in the acidification process. It only was less than 0.2% of 
carbonate in weight in profile C. The organic matters (OM) had close relationship with 
the microbial activity, and its contents were more than 30 g/kg in the plough layer (0 to 
30cm in depth) of the three sites A, B and C. Different from profile B and C, the content 
of TOM in profile A decreased steeply with depth.  
The buffering effect of carbonate helped to make the Fe(OH)3 precipitation. The 
most of Fe retained in the plough layers at site B and C. Higher As concentrations were 
also found not only in the surface layer but also in the layer as deep as 70 cm in profiles 
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B and C,. The As concentration in the deeper layer at C was about half of that at B. The 
usage of P fertilizer might have enhanced the As leaching to deeper layer. It should be 
an important way for As transport in soil (Davenport and Peryea 1991). 
 
                               
Figure 5- 4 Vertical profiles of pH, CaCO3, TOM, Total Fe and Total As in soil at Site 
A, B and C. 
5.3.4 The chemical characteristics of the soils used in 
incubation experiment 
Four soil samples used for incubuation experiment were collected, two from site 
B (CII-1 and CII-2) and one from each site A (CI) and C (CIII). Their chemical 
properties were summarized in Table 5-4. The soil pH was different in a range from 3.7 
to 6.3. There was no significant difference of organic content with an average value of 
45.7 g/kg. But CII-2 had a higher concentration of DOC comparing with other three 
soils. The iron in the soil was mainly in the crystalline form. Their concentrations were 
above 65 mg/kg. The iron concentration of amorphous form from CI to CIII increased 
from 5.1 to 14.0 g/kg. 
A   B    C        
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The As mobility and potential bioavailability in soil is determined by its binding 
forms. As fractions in soil have been analyzed by the sequential extraction method 
(Table 5-4). The contents of non-specifically sorbed As-F1 are low in the soils of the 
study areas, accounting for less than 0.1 % of the total As. The concentration of As-F1 
in CIII is highest comparing with other two areas. The increase of As-F1 enhances the 
toxicity of the paddy soil because they can be easily released into soil water through 
ion exchange. The content values of specifically adsorbed As-F2 can be released from 
mineral surface through competitive ligand-exchange with PO4
3-
 (Impellitteri 2005). 
The contents of As-F2 in CII-1 and CIII are higher than that of CI. It is possible that 
the available As level increases when excessive P fertilizer is used. By using 
NH4-oxalate buffer, the As-F3 mainly associated with amorphous Fe oxyhydroxides in 
soils was extracted. It is found that the concentration of this form As in CII and CIII 
are about 1.8 times higher than that in CI. This may be related to the increase of the 
amorphous Fe minerals in the two acidified areas (Table 5-4). Under the flooding 
conditions in the paddy field, the reductive dissolution of the amorphous iron minerals 
by organic matter will further increase the bioavailability of As (Bauer and Blodau 
2006). The total content of As-F1, As-F2 and As-F3 accounts for less than 21.0% of 
the total As in the soils of the three areas. Most of the As exists in the forms of As-F4 
and As-F5 which have a stronger stability than the other three mobile forms. 
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Table 5-4 The chemical properties of the four soils used in incubation experiment. 
Sample pH(H2O) 
TOM DOC Crystalline Fe Amorphous Fe  As-F1 As-F2 As-F3 As-F4 As-F5 
(g/kg)  (mg/kg) 
CI 6.0 42.1 0.10 74.8 5.1  0.05 4.04 5.72 32.77 18.46 
CII-1 6.3 47.1 0.16 71.8 7.9  0.04 6.97 10.16 37.84 11.79 
CII-2 5.4 43.8 0.38 68.6 8.7  0.07 2.53 4.62 14.25 26.89 
CIII 3.7 49.8 0.19 89.4 14.0  0.08 5.62 10.78 29.89 35.43 
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5.3.5 Generation of amorphous iron minerals in paddy field 
The significant increase of As associated with Fe oxyhydroxides might attribute to 
the enrichment of Fe in paddy soils. The amorphous iron minerals had a large surface 
area, and has a great binding capacity to As. They are important As host in soil (Bowell 
1994) Under the flooded condition in the paddy field, the reductive dissolution of the 
amorphous iron minerals will probably increase the As potential bioavailability. 
The amorphous iron minerals have strong ability to remove As from aqueous 
phase. The generation of them in soil is influenced by the geochemical processes of 
ferrous oxidation and ferric precipitation. 
2+ + 3+
2 2+0.25 + +0.5Fe O H Fe H O     
(5-1) 
3+ +
2 3(s)+3 ( ) +3Fe H O Fe OH H        (5-2) 
The combined two processes mainly depend on pH. When pH is above 5, the 
oxidation rate will increase 100 times if the pH increases one unit (Singer and Stumm 
1970). The irrigation water from Maoshitou reservoir had low pH, even after diluted 
by the water from Shitouzhai reservoir. They had minus saturation indices of Fe(OH)3 
which were calculated by using the computer code of PHREEQC. But if their pH 
were increased one or two pH unit, the values will become positive (Figure 5-5). 
Generally, soil had great buffer capacity to the protons, especially the carbonate in the 
soil. It can consume the protons through the following buffer reaction and keep the 
soil pH above 6 (Ulrich 1983). The carbonate in profile-C was almost completely 
consumed, and soil pH was about 4. The pH of the irrigation water would be difficult 
to increase above this value. The generation of Fe(OH)3 might be limited, and the 
arsenic mobility in the seriously acidified soil might have become stronger. The 
former generated iron minerals in the surface layer of profile C had intensively 
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prohibited the downward transport of As.
 
+ 2+
3 2 2+2 +CO +MCO H M H O   (M: Ca or Mg)    (5-3) 
 
Figure 5- 5 Relationship between pH and saturation index of Fe(OH)3. 
5.3.6 Variations of pH, Eh, iron and arsenic under reduction 
condition: An incubation experiment 
    During the incubation experiment, Variations of the pH, Eh, iron and arsenic 
concentrations with time is shown in Figure 5-6. The pH of the four soils increased in 
the experiment. The pH of CI varied between 5.8 and 6.3; the pH of CII-1 decreased 
from 6.4 to 5.9 in the first three days, and then increased to the level of about 6.7 at 
the sixth day; the pH of CII-2 increased from 5.4 to 7.0 from the first to fifth day, and 
kept at this level until to the end of the experiment; the pH of CIII varied between 3.5 
to 3.8 with no obvious tendency. The Eh variation characteristic of CI and CII-1 was 
similar, and their Eh at tenth day were -17.3 and -25.7 mV, respectively. The Eh of 
CII-2 decreased significantly from -209.3 to -326.0 mV at the sixth day and then 
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increased to about -29.7 mV at the tenth day. The Eh of CIII was the highest among 
the four soil samples, and kept between 92.7 and 164.7 mV during the experiment. 
Due to the difference of chemical properties of the four soils, the releasing 
characteristics of iron and arsenic are also different. The release of iron from both CI 
and CII-1 had an increasing tendency, and the iron concentration in soil solution was 
about 0.9 mg/L at the end of experiment. More iron was released from CII-2. It 
reached with the largest value (1.4 mg/L) at the sixth day, then decreased to about 0.9 
mg/L at the tenth day. More iron were released from CIII soil at the first two days 
with the highest value of 2.6 mg/L, and then decreased to about 0.9 mg/L at the end of 
the experiment. The arsenic concentrations in the soil solution of CI, CII-1 and CIII 
were similar. More arsenic was released from CII-2 comparing with other three soils. 
It has peak value in the period from the third to seventh day. 
 
Figure 5- 6 Variations of pH, Eh, Fe and As concentrations with time. 
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5.3.7 pH, Eh, DOC and the releasing characteristics of iron 
and arsenic 
Comparing the four soils, found that the higher the pH, the lower the Eh (Figure 
5-7). According to Nernst’s equation, Eh change of 59 mv is accompanied by pH 
change of 1 unit. Yu and Patrick (2003) suggested that it might even vary from 59 to 
177 mv. The concentrations of DOC in the experiment of the four soils decreased with 
the incubation time (Figure 5-8). The dissolved organic matter can amplify reducing 
conditions (Fiedler et al. 2007). Ferric iron from amorphous ferric hydroxides could be 
used as electron acceptor for the oxidation of the organic matter, and the proton in the 
acid soils might be neutralized in the process (Sahrawat 2005). 
+ 2+
2 3 2 2 2+1/2 +4 2 +5/2 +1/2Fe O CH O H Fe H O CO      (5-6) 
 
Figure 5- 7  Relation between pH and Eh in soil water. 
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Figure 5- 8 Variation characteristics of pH and DOC concentration with time. 
 
Due to the different properties of the four soils, diverse chemical conditions 
formed in the experiment. The critical Eh value for Fe reduction and consequent 
dissolution is 100 mV at pH 7. The releasing amount of iron had negative correlation 
with Eh (Figure 5-9a). To understand the dissolution of Fe(OH)3, the following 
equation and thermodynamic data are necessary. 
+ - 2+ 0
3(s) 2(OH) +3 + 3 + =0.9306Fe H e H O Fe E V     
(5-4) 
Using the Nernst Equation, the relationship among pH, Eh and molar concentration of 
ferrous iron could be expressed as following: 
 
2+ 0.9306-0.177 -log (Fe )=
0.059
hpH E
                       
(5-5) 
Under the experimental conditions, the equilibrium concentrations of ferrous ion at the 
end of the experiment for CI, CII-1, CII-2 and CIII were about 518.6, 5.7, 0.6 and 
1.1×10
7
 mg/L, respectively. It was found that the experimental value of CII-2 had 
exceeded the calculated value. In the view of physicochemical point, the dissolution of 
Fe(OH)3 in CII would be restrained in theory. But the biological activity might further 
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promote the dissolution of the iron oxide. The Fe concentrations in the system of other 
three soils were still below their equilibrium concentration, especially to CIII (Figure 
5-6 c). 
    Proton-promoted and/or reductive are two processes that might be related to the 
release of Fe to soil water in the incubation experiment. Under a similar reductive 
condition, CI and CII-1 kept almost the same concentration of Fe in soil water in the 
experiment, although the CII-1 had higher amorphous Fe content. Under the strong 
reductive condition, large amount of Fe released from CII-2 even at the beginning of 
the experiment. But it was found that although the CIII formed the weakest reductive 
condition, the released Fe amount was even larger than that of CII-2. One reason might 
be that it had the highest amorphous Fe, and the main reason might because the 
seriously acidified soil had provided large amount of protons to promote the dissolution 
of amorphous iron. These protons could remove electron density and weaken the bond 
strength between iron and oxygen atoms. The higher redox potential in CIII at the initial 
stage might have some relation with the released ferric irons. Because it was observed 
that the precipitation of iron mineral formed with the increase of pH. 
With the dissolution of Fe(OH)3, the adsorbed As might also be released. So it was 
observed that the release amount of arsenic also had negative correlation with Eh 
(Figure 5-9b). Responding to the dissolution of amorphous iron minerals, As was also 
released into soil water. The molar ratio of dissolved As to Fe increased at first, and 
then decreased to a lower value (Figure 5-10). This phenomenon was also observed by 
Yamaguchi et al. (2011). It was found that the decrease was a returning process to the 
molar ratio of F3 arsenic and amorphous iron in the soil (Figure 5-10). This might 
implied that the amorphous iron played important role in controlling the distribution of 
arsenic and iron between the soil and soil water. In addition, the As concentration in soil 
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water had significant negative correlation with Eh (p<0.01; r=-0.82). Calculated by 
using the computer code of PHREEQC, the dominant form of As in soil water was 
neutral molecule (H3AsO3) under the reductive condition in experiment. Soil particles 
had weaker adsorption ability to it.  
 
 
Figure 5- 9 Relation of Fe and Total As with Eh. 
 
Figure 5- 10 Relation between molar ratio of Astotal/Fetotal and As-F3/Feamorphous. 
5.4 Conclusion 
AMD effected irrigation water not only made acidification but also heavy metal 
accumulation in the paddy soil of the watershed. The amorphous iron minerals form in 
the paddy field with a strong adsorption ability for As. There had a higher arsenic 
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concentration in the plough layer of the contaminated fields than in deep layer. Because 
of the leaching effect of the acid water and the usage of P fertilizer, As moved into 
deeper layer of the paddy field. The concentrations of mobile form As (As-F1, As-F2 
and As-F3) accounted for less than 21.0 % of the total As content. Their total 
concentration in the acidified paddy fields was higher than those in the reference area. 
From the results of incubation experiment, it was found that the As might be released 
into soil water with the dissolution of iron oxide. The dissolution process would be 
promoted by the soil acidification and the formation of reductive condition. The 
organic matter in the soil may influence the soil water pH and reductive potential. The 
amorphous iron mineral in the soil played important role in the redistribution process of 
As between soil and soil water.  
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Chapter 6 Assessment of arsenic 
distribution in paddy soil and rice plant 
6.1 Introduction 
Arsenic is highly toxic element and will have impact on human being health after 
continued ingestion. It will increase the risk of heart disease, cancer, and chronic lower 
respiratory disease. The people exposed to even low level of arsenic may have an 
increased risk of diabetes (Navas-Acien et al. 2008). The main route of human exposure 
to arsenic is through ingestion of foods. Rice, a staple food for more than half of the 
world’s people, is more susceptible to arsenic uptake than other cereal crops due to 
reductive condition in the paddy field (Williams et al. 2007). The content of arsenic in 
rice crops normally ranges from 0.08 to 0.20 mg/kg (Zavala and Duxbury 2008). It 
even reaches to 7.5 mg/kg in some arsenic contaminated soils (Liao et al. 2005). As a 
result, the arsenic mobility in paddy soil has become to be an environmental concern. 
The arsenic content in soil commonly ranges from 1 to 40 mg/kg with an average of 5 
mg/kg, depending on the condition of geology and soil formation. The natural 
abundance of arsenic in the soil is above 40 mg/kg in the most part of Xingyi region, a 
typical high arsenic area in the southwest China (Feng 2007). High arsenic coals have 
been found in several counties around this region (Ding et al. 2001). Mining activities 
may further increase the As concentration of the soil around the mining area. Some 
people may have a high risk to suffer health emergency because of arsenic pollution 
caused by mining activities in the Xingren County where the average daily intake of 
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arsenic per person is estimated to be 2.4 mg, of which 87.9 % came from food (Sun et al. 
2001). It is still uncertain if the content of total arsenic in rice crops has a close 
correlation to that in the paddy soil, because arsenic availability for rice uptake is 
influenced by soil properties (Hsu et al. 2012; Sheppard 1992). 
Because the mobility, bioavailability and toxicity of arsenic in soil depend 
strongly on its chemical fractions, the total arsenic content can only give limited 
information for understanding its biogeochemical cycling in soil. Most of the arsenic 
was in reducible and residual fractions, combining with the minerals of iron 
(oxy)hydroxides and sulfide in uncontaminated soils (Bhattacharyya et al. 2008; 
Nóvoa-Muñoz et al. 2007). In spite of low content in natural soil, water-soluble and 
exchangeable fractions of arsenic are more toxic than other fractions because they are 
more soluble (Fernández et al. 2005). However, the arsenic in the soil from 
anthropogenic sources tend to be more mobile (Taggart et al. 2004), implying more 
potential availability for plant uptake. As a result, sequential extraction procedures are 
usually used to estimate the arsenic fractions in soils. 
The behavior of arsenic in paddy field is complex. Arsenic in the soil is mainly 
bound to iron oxyhydroxides. The reductive dissolution of iron oxyhydroxides causes 
the arsenic to be mobilized as arsenite in the soil and pore water (Inskeep et al. 2002; 
Khan et al. 2010). The decrease of soil pH may enhance the dissolution of arsenic and 
iron when the soil suffers from the acidic materials. But it is also reported that arsenic 
uptake by plants may increase in higher pH soil (Campbell et al. 1985). The organic 
matter in soil can enhance or reduce arsenic mobility with the mechanisms of 
competition for available adsorption sites, complex formation in aqueous, and/or 
reduction potential changes (Wang and Mulligan 2006). However, the relation between 
rice arsenic availability and soil condition are still uncertain (Fu et al. 2011). Therefore, 
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a typical watershed influenced by acid mine drainage (AMD) in the Xingren County 
has been chosen in the present study. The objectives are 1) to survey the spatial 
distribution characteristics of As in the paddy field; 2) to assess the variation of soil 
chemical characteristics and controlling factors of arsenic mobility in soil; and 3) to 
evaluate the transfer of As from the contaminated soil to rice and the risk to human 
health. 
6.2 Material and methods 
6.2.1 Sample collection and preparation 
The rice plants were pulled out from paddy fields, and the soil samples were 
collected from the roots. The root soil samples (Figure 5-1) were digested using HF, 
HCl and HNO3 for analyzing metal elements. The plant samples were digested using 
H2O2, HF and HNO3 for As analysis. 
6.2.3 Analytical methods 
All reagents were of analytical grade or better. Milli-Q water (Yamato 
Millipore-filter, WT 101 UV) was used throughout. The soil pH(H2O) was measured by 
the pH meter (Horiba, Japan) in the suspension, the mixture of 10 g soil with 50 ml 
water. Metal contents were analyzed using ICP-AES. The analysis for total arsenic in 
soil and rice was carried out using HG-AAS (Shimadzu, Japan). Atomization was 
performed in an air-acetylene flame. The arsenic determination by this system has a 
detection limit of 0.1 μg/L. The C and N in rice were determined by CN Corder 
MT-700. 
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6.3 Results and discussion 
6.3.1 Arsenic and nutritional elements in rice plant 
Arsenic content varied in different parts of rice plant in the order of root > straw > 
grain. The arsenic contents ranged from 6.35 to 44.70 mg/kg with an average of 20.58 
mg/kg in root, from 2.21 to 8.95 mg/kg with an average of 3.76 mg/kg in straw, and 
from 0.34 to 1.67 mg/kg with an average of 0.83 mg/kg in grain. The average contents 
of TC, TN, K, Ca and Mg in grain were about 40.05%, 1.80%, 0.24%, 0.02% and 
0.10%, respectively. 
6.3.2 Soil chemical characteristics in different area 
In order to assess the long term effects of irrigation practices on arsenic content 
in the paddy soil, clustering techniques has been used to classify the soil quality based 
on the chemical properties of paddy soils. Here, all soil samples are hierarchically 
clustered based on pH value and total contents of Fe and As in paddy soil. The raw data 
are standardized before execution of clustering. Measures for the soils are conducted 
through the group average method and then classified using square distance. Using a 
criteria value of square distance between 4 and 5, the 29 samples can be classified into 
three clusters, Area I, II and III as shown in dendrogram (Figure 6-1). Area I 
represents the paddy fields irrigated mainly by the water from the Shitouzhai reservoir. 
The average values of pH, total Fe and As of paddy soil are 6.5, 68.70 g/kg and 47.36 
mg/kg, respectively. Area II covers more than half paddy fields of the study area. It 
was irrigated by the AMD effected water in some extent. The average values of pH, 
total Fe and total As for paddy soil are 5.2, 62.36 g/kg and 82.88 mg/kg, respectively. 
Irrigation water used in Area III has affected seriously since the beginning of mining 
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activities. Averagely, paddy soil in Area III has pH value of 4.3 with high content of 
total Fe (78.83 g/kg) and total As (121.03 mg/kg). Basically, Area I represents the 
background for soil condition. However, the As concentration is above the permissible 
limit of Chinese environmental standard for agriculture soil (30 mg/kg). The average 
arsenic content of the top soil in Area II and Area III increased about 75.0 % and 155.6 % 
comparing with the content of Area I. The spatial distribution of arsenic of the three 
areas is as shown in Figure 6-2. The high arsenic sites with concentration above 100 
mg/kg were close to the Maoshitou reservoir and the irrigation rivers (R-2 and R-3). 
 
Figure 6- 1 Dendogram from the cluster analysis of the 29 soil samples. 
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Figure 6- 2 Distribution of arsenic in the paddy field. 
Obviously, the chemical characteristics of the root soils were different because of 
the irrigation water quality (Table 6-1). The optimum pH range of paddy soil was 
between 5.5 and 7.2 (Datta 1981; Landon 1991). The paddy soils in Area I and II had an 
average pH value of 6.57 and 5.77, respectively. However, the soil pH in Area III had 
been acidified seriously by the acid irrigation water with pH value even lower than 4.5. 
The average contents of organic matter (OM) and dissolved organic carbon (DOC) 
were in the same levels in the three areas. The Ca and Mg in the soil of Area I had about 
0.5 % in weight. With the acidification of the soil, they leached out, especially in Area 
III. The K and Mn content in Area I was higher than other two acidified areas. In 
contrast, Fe from the acid irrigation water had enriched in the paddy field. Arsenic was 
also enriched from about 53.5 mg/kg in area I to 121.6 mg/kg in area III. 
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Table 6-1 The chemical properties of the root soil in the three areas. 
Sampling 
area 
pH(H2O) 
OM DOC K Ca Mg Fe Mn Total As 
(mg/kg) (g/kg) 
Area I (n=3) 6.57±0.38 47.1±6.4 0.20±0.10 25.0±9.1 1.6±0.1 3.3±1.6 63.0±11.5 1.3±0.2 53.5±16.0 
Area II 
(n=6) 
5.77±0.38 51.7±3.2 0.21±0.07 10.9±11.2 1.5±0.2 2.1±1.1 58.5±10.5 0.7±0.3 101.2±40.9 
Area III 
(n=5) 
4.06±0.43 50.4±2.5 0.22±0.02 10.3±6.6 0.6±0.4 2.2±1.5 84.1±9.1 0.5±0.4 121.6±15.6 
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6.3.3 The estimation of arsenic in rice and the risk to human 
health 
The paddy soil of the study area has become highly contaminated with arsenic. 
The As contents in the rice plant from the three areas were different (Table 6-2). 
Although the average As contents in root, straw and grain of the rice samples from Area 
I were the lowest, the As concentration in the grain is still higher than the normal level 
of other places in the Guizhou province (0.019~0.162 mg/kg) (Zhu et al. 2008) and 
even exceeds the Chinese Environmental Standard for the rice of 0.15 mg/kg (CFSA 
2005). More As is found in the rice planted in Area II and III. The root As contents 
increases up to 20 mg/kg. Following with the increase of As concentration in root, the 
higher accumulations of As in rice straw and grain are also found. The average ratios of 
As content in rice straw and root are the highest in Area I. The reason is not clear. But it 
was reported that iron oxides formed around the rice root could bind As and reduce its 
transfer to the above ground tissues (Hartley and Lepp 2008; Liu et al. 2004). There is 
no obvious difference of the ratios of As content in rice grain and root in the three areas. 
Although the root can play as a barrier to the As, the As content of some rice grains in 
Area II and III had exceeded the permissible limit of 1.0 mg/kg recommended by 
WHO. 
The As mobility in soil and its uptake by rice are mainly determined by soil 
properties (Hsu et al. 2012; Lu et al. 2009). In order to find out the correlation between 
arsenic concentrations in different parts of the rice plant and soil properties, Pearson’s 
correlation coefficients were calculated by SPSS software, version 14.0 for windows 
(SPSS Inc., Chicago, USA) (Table 6-3). Strong negative correlations among soil pH 
and arsenic concentrations in rice parts are found. It explains that the mobilization of  
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Table 6-2 The As contents in rice root, straw and grain and As ratios among them. 
Area 
Asroot Asstraw Asgrain  
Asstraw/Asroot Asgrain/Asroot Asgrain/Asstraw 
(mg/kg)  
I (n=3) 9.58 ± 4.04 2.50 ± 0.38 0.42 ± 0.09  0.29 ± 0.11 0.05 ± 0.01 0.17 ± 0.06 
II (n=6) 21.67 ± 10.21 3.41 ± 1.27 0.85 ± 0.45  0.18 ± 0.07 0.04 ± 0.01 0.26 ± 0.17 
III (n=5) 25.41 ± 11.93 3.90 ± 0.98 1.09 ± 0.34  0.17 ± 0.05 0.05 ± 0.02 0.29 ± 0.12 
n is the number of samples; and the data are presented in mean value and standard deviation. 
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As in soil is generally highly pH dependent. An increased solubility of iron hydroxides 
at low pH can lead to a release of iron-bound As from soils to waters. The pH has a 
large impact on the redox equilibrium between arsenate and arsenite. The adsorption of 
arsenite by oxyhydroxides increases with the increase of pH and reaches the maximum 
for the pH 7 to 8. Therefore, the soil acidification should have promoted the transfer of 
As from soil to rice under flooding condition. The acidification has a close relation with 
the loss of base minerals (Ca, Mg, K) from the soil. K content in soil has strong 
negative correlations with arsenic concentration in root (r = -0.688, p < 0.001) and 
grain (r = -0.668, p < 0.001). Significant correlation between As concentration in straw 
and Ca content in soil can also be found. The arsenic concentrations in rice root, straw 
and grain have negative correlation with Mg content in soil. The organic matter might 
help As movable in soil, and there is a positive correlation between As concentration in 
rice and organic matter content in soil. The paddy soils are rich in organic matter that in 
turn can further reduce the As adsorption in soil (Table 6-1). The sorption of humic 
anions on Fe oxides results in competition for sorption sites and controls As sorption or 
desorption, leading a stronger mobility for As in the soil (Wang and Mulligan 2006). 
Although the iron mineral is abundant as the main host of As in soil, the correlation 
between As concentration in rice and Fe content in soil is positive, but not significant. 
Significant correlations among arsenic concentration in soil with rice root, straw and 
grain are found. Therefore, it can be concluded that the soil acidification and arsenic 
contamination in paddy soil are highly responsible for the transfer and uptake of arsenic 
in rice plant. In addition, the correlation among As concentration in rice root, straw and 
grain are calculated, and find that the significant correlations between As concentration 
in rice root and straw (r =0.635, p < 0.05) and between As concentration in rice root and 
grain (r = 0.721, p < 0.01) can also be obtained. 
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Table 6-3 Correlation coefficient (r) between arsenic concentrations in different part 
of the rice plant (Asroot, Asstraw and Asgrain) and soil properties (pH, OM, K, 
Ca, Mg, Fe and Total As). 
 pH OM K Ca Mg Fe Total As 
Asroot (n=14) -0.360 0.121 -0.688
**
 -0.435 -0.025 0.076 0.627
*
 
Asstraw (n=14) -0.237 0.118 -0.436 -0.578
*
 -0.119 0.139 0.725
**
 
Asgrain (n=14) -0.403 0.048 -0.668
**
 -0.320 -0.428 0.088 0.759
**
 
**. 
Correlation is significant at the 0.01 level (2-tailed).
 
*.
 Correlation is significant at the 0.05 level (2-tailed). 
In order to evaluate the transfer ability of arsenic from soil to rice grain, the 
transfer factor (TFtotal=CAs-grain/CAs-soil) can be calculated based on the arsenic content in 
rice grain and total arsenic content in soil (Table 6-4). It is found that the TFtotal value 
ranges from 0.006 to 0.074. Although the arsenic contents in soil and rice grain of the 
study area are high, the TFtotal ranges from from 0.005 to 0.015 with the average value 
of 0.009 in paddy soil of the study area, lower than those in other regions.  
Table 6-4 The summary of published data of As contents in soil and rice grain. 
Country 
As content (mg/kg) 
TFtotal Reference 
Soil Rice grain  
China 47.36 0.42 0.009 Area I 
 82.88 0.85 0.010 Area II 
 121.03 1.09 0.009 Area III 
 13.70 0.191 0.014 (Lu et al. 2010) 
 10.20 0.295 0.029 (Lu et al. 2010) 
 3.0 0.092 0.031 (Fu et al. 2011) 
 1.29~25.28 0.041~0.201 0.006~0.036 (Huang et al. 2006) 
Bangladesh 14.51 0.41 0.028 (Rahman et al. 2007) 
 17.0 0.270 0.016 (Garnier et al. 2010) 
 4.6 0.15 0.033 (Garnier et al. 2010) 
 5.0 0.12 0.024 (Garnier et al. 2010) 
 10.4 0.58 0.056 (Garnier et al. 2010) 
 34.0 0.404 0.012 (Stroud et al. 2011) 
 11.5 0.223 0.019 (Stroud et al. 2011) 
 17.4 0.572 0.033 (Stroud et al. 2011) 
 6.2 0.459 0.074 (Stroud et al. 2011) 
 23.99 0.296 0.012 (Hossain et al. 2008) 
Because rice is main food for the people living in study area, the estimated daily 
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intake (EDI) of As from rice is determined by the following equation (Karthikeyan et 
al.1997): 
EDI=(Cmetal×Wfood)/Bw               (6-1) 
where Cmetal (mg/kg), Wfood (kg/day) and Bw represent the rice As content, daily 
average consumption of rice in this region and body weight, respectively. It is 
reasonably to consider the daily average rice consumption for adult is about 0.6 kg/day, 
and the average body weight is considered as 60 kg for adult in Guizhou province 
(Zhang et al. 2010). Based on the data shown in Table 6-5, the daily intake of total 
arsenic ranges from about 4.2 to 10.9 μg/kg body weight/day depending on the area 
where rice produces. It is much higher than the tolerance value of 0.3 μg/kg body 
weight/day for As suggested by USEPA. Arsenic in rice is a threat to human health not 
only for its high content but also for its speciation. WHO recommend that the 
provisional tolerable weekly intake for adults for inorganic As (Asi) is 0.015 mg/kg 
body weight (equivalent to 0.129 mg/day for a 60 kg adult). About 57 to 95 % of the 
total arsenic in rice is toxic inorganic species in China, and the average Asi percentage 
in rice grown on mine impacted soil is about 83% (Zhu et al. 2008). Supposed that 57% 
or 83% of total arsenic in rice is Asi, the average daily intake of Asi through rice 
consuming for adults in the study area is estimated to be 0.144~0.373 or 0.209~0.543 
mg/day for a 60 kg adult. It seems that arsenic in rice has an impact on human health 
because of the effect of AMD on irrigation water in the study area. The higher As 
concentration in rice straw also needs careful thought since the cattle of the study area 
consumes the straw part of the rice plant.  
6.4 Conclusions 
The people living in the Jiaole watershed had a high risk to exposure to As 
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toxicity. The irrigation water affected by the AMD had caused the soil acidification 
and enrichment of As and Fe in the paddy fields. The soil pH even decreased to about 
3.5 and As concentration reached to about 144.30 mg/kg. The mobilization of As in 
the paddy field was restrained by the soil adsorption. The paddy fields close to the 
contaminated river had a higher As concentration. The As transferring from soil 
makes its distribution in the rice plant as the sequence of root > straw > grain. The 
transfer factor of As from soil to rice grain was estimated about 0.009. The daily intake 
of total As and/or inorganic As for local adult through rice consumption might have 
exceeded the human intake threshold recommended by WHO.
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Chapter 7 Laboratory study on AMD 
treatment by Bayer red mud 
7.1 Introduction 
Bayer red mud (RM) is a solid byproduct of the Bayer process. It is mostly 
composed of Al2O3 (18-25%); Na2O (8-12%), SiO2 (15-20%) and TiO2 (2-5%) by 
weight. Its major constituents are crystalline hematite (Fe2O3), boehmite (γ-AlOOH), 
quartz (SiO2), sodalite (Na4AlSi3O12Cl) and gypsum (CaSO4.2H2O), with a few 
amounts of calcite (CaCO3), whewellite (CaC2O4.H2O) and gibbsite (Al(OH)3). It is 
highly alkaline with a pH usually ranging from 10 to 13 (Menzies et al. 2004). 
Therefore, red mud is a potential agent for neutralizing acids. It also has a strong 
binding capacity for heavy metals. 
Heavy metals such as copper, lead, zinc, nickel, chromium, and mercury are very 
toxic and are commonly found in AMD. It is necessary to remove these metals 
(Nadaroglu et al. 2010). Traditional methods for the removal and recovery of heavy 
metals from industrial waste are precipitation, ion exchange, electrolysis, adsorption on 
activated carbon, etc. Most of them are extremely expensive or inefficient. Recently, 
increasing concern has been focused on the adsorbent with low cost. Most cases have 
also confirmed that the use of large quantities of industrial wastes for the treatment of 
AMD is an attractive and promising option with a double benefit for the environment. 
The red mud residues are used as unconventional adsorbents for wastewater 
treatment because it is a fine-grained mixture of oxides and hydroxides available. 
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Several studies have reported that red mud or activated red mud can be used for 
adsorbing heavy metals from water, including cadmium, lead, copper and arsenic 
(Apak et al. 1998; Guclu and Apak 2000; Gupta et al. 2001; Apak et al. 1997; 
Altundogan et al. 2002; Genc and Tjell 2003). However, few have focused on the 
possibility of using red mud to remove heavy metals from AMD. 
In order to improve the adsorption capacity, red mud was pretreated by calcination 
and/or brine. Column experiments were carried out to remove Fe, Mn, Al and As from 
AMD by the red mud with and without pretreatment. 
7.2 Material and methods 
7.2.1 Red mud 
    Addition to red mud (RM), another two red muds for the experiments were the 
ones calcined at 500 
o
C for 3 hours. One is the calcined red mud (C-RM), the other is 
the brine-calcined red mud (BC-RM). The BC-RM is the red mud which is immersed 
in brine for 12 days and air-dried at room temperature before calcination. The 
chemical property of the brine is as shown in Table 7-1. 
Table 7-1 Chemical composition of the brine. 
K
+
 Na
+
 Ca
2+
 Mg
2+
 Cl
-
 
pH 
mg/L 
~1000 ~32000 ~55000 ~3300 ~150000 6.01 
7.2.2 Simulated acid mine drainage 
    The ultra-pure water was made by using Millipore Milli-Q Academic System. All 
reagents were of analytical grade or better, including ferric sulfate, manganese sulfate, 
aluminum sulfate, copper sulfate, zinc sulfate, cadmium sulfate, cobalt sulfate, nickel 
sulfate and sodium arsenate. In order to preserve easily, stock solution was prepared. It 
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was diluted to target concentration using ultra-pure water and the pH was adjusted to 
2.2 by using hydrochloric acid (Table 7-2). 
Table 7-2 Chemical property of Simulated AMD. 
Fe
3+
 Mn
2+
 Al
3+
 As SO4
2-
 pH 
mg/L  
600.0 16.0 100.0 0.2 2490 2.20±0.05 
7.2.3 Experimental apparatus and sampling method 
The experimental column is a plexiglass pipe with 60 cm in height and 5.8 cm in 
diameter (Figure 7-1). A glass fiber (1 cm in thick), quartz sand (3 cm in thick), a 
reactive media (40cm in thick) and quartz sand (3cm in thick) were filled in sequence 
from the bottom. The glass fiber layer was used to prevent clogging at the outlet of the 
apparatus. The reactive media is the mixture of quartz sand with one of the red muds, 
RM, C-RM and BC-RM at 1:1 ratio by volume. The pore volume of reactive media of 
the column was about 600 cm
3
. The residence time increased from 30 min at the 
beginning to 60 min at the end of the experiment. The pH and EC of effluent were 
measured. Effluent samples were filled into two pre-cleaned high-density polyethylene 
tubes after being filtered with 0.45 µm Millipore filter and one sample was acidified to 
pH of less than 2 using nitric acid. The water samples were used to measure alkalinity, 
heavy metal and sulfate concentrations. 
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Figure 7- 1 Schematic diagram of experimental apparatus. 
7.2.4 Analysis methods 
The pH and EC of the effluent were measured by using the potable parameter 
instruments (Multi 340i). The concentrations of Fe and Mn were determined by using 
the atomic adsorption spectrometer technology (AAS). The Al concentration was 
determined by using chromazurol S spectrophotometric method (GB/T 14849.2-2007). 
The concentration of arsenic was determined by atomic-fluorescence spectroscopy 
(AFS). The sulfate concentration of water was determined by using gravimetric method 
(GB 11899-89). The alkalinity was measured by using acid-base titration method. The 
neutralization potential (NP) of the residue was determined by resorting to Sobek 
method (Sobek et al. 1978). The pH of the red mud was measured in a suspension with 
red mud-water ratio of 1:5. 
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7.3 Results and discussion 
7.3.1 Chemical property of the red mud 
After the red mud was calcined under high temperature, its weight loss was about 
11%. As shown in Table 7-3, the Al2O3, Fe2O3, CaO and Na2O were the major chemical 
compositions of the three red muds. They account for above 50% in weight. Compared 
with RM, the pH of C-RM and BC-RM increased about 1.94 and 0.78 units, 
respectively. 
Table 7-3 Chemical properties of the red muds. 
Materials pH 
Chemical composition (wt%) 
Al2O3 Fe2O3 CaO Na2O K2O MgO MnO 
RM 8.58 19.83 8.81 24.58 3.99 1.33 0.29 0.02 
C-RM 10.52 22.29 9.68 27.03 4.42 1.96 0.33 0.02 
BC-RM 9.36 14.24 6.68 26.61 6.83 1.23 0.12 0.01 
7.3.2 pH, EC and alkalinity of the effluent 
The initial pH of the effluent from RM, C-RM and BC-RM columns were 8.32, 
11.94 and 10.11, respectively (Figure 7-2). The effluent pH decreased to about 6.0 
after 64 pore volumes of SAMD was passed in RM column, and 50 pore volumes in 
C-RM column. However, the effluent pH of CB-RM column ranged between8.50 and 
10.20, much higher than the other two columns. 
EC of effluents from RM and C-RM were similar, but different from that of 
BC-RM. Effluents from RM, C-RM and BC-RM were different for their alkalinities. 
Although the RM had lower pH than other two types of RMs, it had a higher alkalinity 
with the average of 102.72 mg (CaCO3)/L. The carbonate minerals, alkaline oxides 
and/or hydroxides might play an important role in neutralization as described by 
equations 7-1 to 7-3.  As a result, the effluent alkalinity of C-R was 1966.82mg/L at 
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the beginning, decreased to about 14.05 mg/L at 44 pore volume, then turned up to 
about 296.99 mg/L at 54 pore volume. The effluent alkalinity of BC-RM was 132.06 
mg/L at the start and about 2.81 mg/L at the end of the experiment. 
                       + 2 + -3 3MCO + H M + HCO                  (7-1) 
+ 2+
2MO + 2H M + H O                               (7-2) 
  + 2+ 22M OH + 2H M + 2H O            (7-3) 
 
Figure 7- 2 Variations of pH, EC and alkalinity of effluents from RM, C-RM, 
BC-RM. 
7.3.3 Removal of As, Fe, Al, Mn and SO4
2-
 by RMs 
As concentration in effluent was lower than 1.5 μg/L at the beginning, and 
increased slightly at the end of the experiment. The maximum As value of efffluents 
was 2.71 μg/L for RM, 2.31 for C-RM and 1.75 μg/L for BC-RM, respectively (Figure 
7-3). It is much lower than the WHO irrigation water guideline of 20 μg/L. The As 
concentration in influents was about 200 μg/L, and the removal ratio was above 98%.  
Because the pHpzc of RM was about 8.0 (Yunus et al. 2007; Dıaz et al. 2004), the 
surface charge of the RMs particle will change from negative to positive if the pH is 
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lower than the pHpzc. Generally, arsenic is in anion form in aqueous environment. High 
pH is not benefit for As removal by RMs.  
At the same time, iron and aluminum oxides could provide abundant of adsorption 
sites for As (Genç-Fuhrman et al. 2004). 
 
Figure 7- 3 As concentrations in effluent. 
The maximum concentrations of Fe in effluents of RM, C-RM and BC-RM were 
0.34, 0.62 and 0.53 mg/L, respectively (Figure 7-4a). The concentration of Fe in the 
influent was 600.0 mg/L, and above 99% of Fe had been removed by the RMs.  
The Al concentration in effluent of RM increased from 1.47 to 4.11 mg/L. But Al 
concentrations of C-RM and BC-RM decreased from about 6.00 mg/L to below 2.00 
mg/L at first, and then increased to about 4.00 (C-RM) and 6.00 (BC-RM) at the end of 
the experiment (Figure 7-4b). The concentration of Al in the influent was 100.0 mg/L, 
and the removal ratio was above 90% for the three RMs.  Al as amphoteric oxide, can 
be well removed when the pH is in the range of 5.0 to 8.0 because of the generation of 
aluminum hydroxide and adhesion on the surface of the particles (Wu et al. 2007). 
Mn has a strong mobility under acid condition. Its concentrations in effluent from 
the three RMs were below 0.5 mg/L at the beginning. The concentrations of Mn in the 
effluent started to increase from 16 pore volumes for RM and from 43 pore volumes 
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for C-RM. Mn concentration in the effluents of the both RM and C-Rm reached the 
same level of that in the influent (16.0 mg/L) at the end of the experiments. However, 
Mn concentration in the effluent from the BC-RM column was below 0.5 mg/L during 
the experiment (Figure 7-4c).  
  
 
1
2
3
 
 
  
Figure 7- 4 Variations of (a)Fe, (b)Al and (c)Mn concentrations in effluents. 
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SO4
2-
 is the main anion ion in the simulated AMD with the concentration of 2.49 
g/L. The average concentrations of SO4
2-
 in the effluent of RM, C-RM and BC-RM 
were 1.71, 1.89 and 1.26 g/L. The effluent from BC-RM had lower SO4
2-
 concentration 
lower than the other two RMs at the beginning of the experiment. As a result, The 
average removal ratios from RM, C-RM and BC-RM were 31%, 24% and 49%, 
respectively. 
The removal amounts of Fe, Al, Mn, SO4
2-
 and As were shown in Table 7-4. 
 
 
Figure 7- 5 Variation of sulfate concentration in effluent. 
The removal amounts of Fe, Al, Mn, SO4
2-
 and As by unit mass of red mud were 
shown in Table 7-4. 
Table 7-4 Average removal amounts of Fe, Al, Mn, SO4
2-
 and As by RMs 
Column  
Fe Al Mn SO4
2-
 As 
mg/g(RMs) μg/g(RMs) 
RM 69.80 10.75 1.07 88.44 23.07 
C-RM 69.80 11.39 1.39 74.47 23.18 
BC-RM 69.81 10.80 1.86 102.40 23.17 
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7.3.4 Neutralization potential (NP) of RMs 
Neutralization potential (NP) is defined as the alkalinity of a material that would 
be used for treating AMD, and expressed as the amount of CaCO3 in the RMs. The NP 
of RMs was 64.11 g(CaCO3)/kg(RM), 55.89 g(CaCO3)/kg(C-RM) and 64.28 
g(CaCO3)/kg(BC-RM).  
At the end of experiments, the amounts of NP remained in columns were shown 
in Figure 7-6. NP increased from 5.13 to 46.14 g(CaCO3)/kg from 0 to 30 cm without 
consumption in the deeper layer in RM column. For the C-RM, NP was consumed 
completely in the layer of 0 to 15 cm. It ranged from 1.75 to 57.38 g(CaCO3)/kg in the 
layer from 15 to 40 cm in the column. The NP in the BC-RM column was used 
completely in the layer of 0 to 10 cm, increased from 12.27 to 24.22 g(CaCO3)/kg in 
the layer of 10 to 25 cm, and remained above 60 g(CaCO3)/kg in the deeper layer. As 
a result, the NP of columns consumed about 48.0% (RM), 70.6% (C-RM), and 54.7% 
(BC-RM), respectively. Therefore, BC-RM has the best durability within the three 
RMs at the viewpoint of NP. 
 
Figure 7- 6 Vertical distribution of neutralization potential in columns at the end of 
experiments. 
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7.4 Conclusion 
The Bayer red mud could be used as a kind of alkaline reagents for treating 
AMD. Because RM could not raise the pH to above 8.5 under experimental 
condition, heavy metals such as Mn with stronger mobility could not be removed 
effectively. However, the calcined Bayer red mud could increase the pH of effluent 
above 10.0. The alkaline materials in the C-RM released quickly. The BC-RM 
could not only effectively increase the pH of effluent, but also have longer 
durability of NP than that of C-RM. Therefore, BC-RM has the best performance 
to treat AMD within the three RMS.  
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Chapter 8 General conclusions and future 
works 
8.1 General conclusions 
In the preceding chapters, the impacts of AMD, As and other associated heavy 
metals on water, soil and rice plants in  a small watershed, southwest of Guizhou 
province of China have been demonstrated. The results showed that the AMD had 
strong acidity and seriously affected the aqueous and soil quality. The As migration in 
the water, sediment and soil were controlled by the environmental conditions, such as 
pH of water and soil, reductive potential and mineral components of soils and so on. 
The soil acidification and enrichment of As in the paddy field influence the rice 
growth. Finally, the red mud was tested in laboratory scale to treat AMD. The general 
conclusions were summarized as following: 
1) As was removed from the AMD, by adsorption and deposit of the hydrous ferric 
oxides (HFO). In the sedimentation environment of the reservoir, the iron and As 
were reduced and released into porewater as reductive speciations. The thioarsenite 
and H3AsO3 were the two main As speciations in the porewater. Surface 
complexation of As to HFO played the dominant role in controlling the arsenic 
concentration in porewater. The HFO crystallization might result in the high As 
concentration in porewater. In spite of that, arsenic in porewater is difficult to 
release into overlying water through diffusion, because there exist high content of 
amorphous ion minerals in sediment. 
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2) The paddy fields irrigated by the acid water have been acidified to different extent. 
In the seriously acidified zone, more than 90% of calcium in the topsoil has leached 
out. The acid irrigation water increased the iron content more than 6 g/kg in the 
topsoil where the enriched iron as goethite and/or hematite limited the further loss 
of Mg from the soil. The migration ability of aluminium was also enhanced under 
low pH condition. The loss of aluminum became very serious especially when the 
soil pH(H2O) was below 5.0. The aluminium from the irrigation water also enriched 
in the topsoil layer and 83.1% of it were adsorbed by organic matter. The pH buffer 
curve of the soil was successfully derived based on the buffer experiment. The 
generation of protons through the hydrolysis of iron and aluminium ions should be 
considered as one of the main proton contributors in the watershed.  
3) The As concentration in the plough layer of the paddy fields which was influenced 
by AMD, was higher than the farmland standard. The concentrations of mobile 
form As in acidified paddy fields were higher than those in the reference area. The 
As might be released into soil water under anaerobic condition. The dissolved 
organic carbon in the soil water was consumed during the formation of reductive 
condition. The dissolution of iron minerals was promoted by low pH and Eh.  
4) The migration of As in the paddy field was restrained by the soil adsorption. The 
paddy fields close to the contaminated irrigation river had a higher As 
concentration. Rice absorbed arsenic from paddy soils to the plant with the 
sequence of arsenic content as root > straw > grain. The soil acidification and As 
enrichment of the paddy fields had enhanced the transfer of As from soil to rice 
grain with the transfer factor of 0.009. 
5) The red mud contains large amount of alkaline component and has strong alkalinity. 
It can effectively increase the pH of AMD and remove heavy metals such as arsenic, 
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iron, manganese etc. Its purification effect could be improved obviously after 
pre-treatment by using brine and high temperature. 
8.2 Future works 
As one of the key environmental problem caused by mining activity, the 
pollution of AMD generated from the abandoned coal mine may persist for a long 
time. It threats the ecological environment and has long-term effect on human health. 
Therefore, it is significant to study the geochemical characteristics of AMD, the 
behavior of heavy metals in the environment and develop the good cost performance 
methods to treat the AMD. Some important works are suggested for the future: 
1) Although the releasing and distribution characteristics of As in the sediment has 
been explained by using geochemical theory and model, the kinetics of As and iron 
is not well known in reductive sediment environment during early diagenesis. 
2) The mobility and toxicity of As have close relation with its speciation. 
Additionally, sulfate from AMD has influence to As mobility Also, the knowledge 
about sorption of arsenate on carbonate minerals is still limited. 
3) AMD bring large amount of iron to the paddy fields where iron oxides may form 
on the surface of the root. This may reduce the adsorption of As by rice in some 
degree. It may be significant to study the spatial distribution characteristic of As at 
the root-soil interface. 
4) The high As concentration in the polluted paddy field have potential hazardous to 
the health of local people. Phytoremediation techniques may help to absorbed As 
from the soil and transgenic technology may be expected to restrain the 
accumulation of As by plants.  
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